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Abstract 41 

The use of genetic analyses has become ubiquitous in conservation planning and management as 42 

biodiversity is increasingly threatened globally. Typically, such analyses are employed at the species-43 

level, though as genetic data accrue, it is now possible to consider the genetic composition of multiple 44 

species across landscapes. Such macrogenetic perspectives can reveal the potential genetic 45 

ramifications of extreme disturbance events, such as the catastrophic Australian ‘Black Summer’ 46 

wildfires of 2019/20. This extensive event severely impacted habitats and fauna across much of 47 

eastern Australia – but whether there have been cryptic impacts upon genetically distinct populations, 48 

or significant erosion of high diversity populations across species, remains unknown. Here, we 49 

present a conservation macrogenetics framework to examine the potential genetic impacts of large-50 

scale disturbances. Using hundreds of samples, spanning dozens of frog, mammal, and reptile species, 51 

we first demonstrate how reduced-representation sequencing can be aggregated across species to 52 

describe the distribution of genetic diversity across a landscape. We then show that, whilst variable 53 

across the study area, these unprecedented fires generally burned in areas where genetic diversity of 54 

sampled taxa was higher than areas left unburnt. Additionally, areas with high concentrations of 55 

evolutionarily distinct and short-range species were disproportionally represented in burned regions. 56 

In particular, potential cross-taxonomic adverse effects were greatest in Australia’s southeast and 57 

central eastern seaboard regions. More broadly, our work exhibits how the conservation genetics 58 

principles often applied at a species-level can be expanded to landscapes, improving our 59 

understanding of the genetic implications of large-scale disturbance events. 60 
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1. Introduction 65 

Biodiversity across the globe is in peril. Species from all realms of life are undergoing declines, with 66 

as many as half facing potential imminent extinction (Finn et al., 2023). The drivers of this global loss 67 

of biodiversity are primarily anthropogenic in nature, and ongoing (Ceballos et al., 2015, 2017). In 68 

particular, the multifaceted threat of climate change and its associated extreme disturbance events 69 

increasingly place pressure upon ecological communities worldwide (Dirzo et al., 2022; Habibullah et 70 

al., 2022; Kelly et al., 2020; Urban, 2015). As a result, several methods across the domains of 71 

conservation biology are employed to prevent the further erosion of biodiversity. Among these is the 72 

use of population genetics, which is becoming ubiquitous in conservation settings (Hoban et al., 73 

2022), reflecting the premise that the maintenance of genetic diversity within species is critical to 74 

their short- and long-term persistence (DeWoody et al., 2021). As genetic data amass, the opportunity 75 

to employ these data across multiple species to describe broad, landscape scale patterns of genetic 76 

diversity has emerged. This aggregative use of data, or ‘conservation macrogenetics’, has the potential 77 

to enhance global efforts to stem biodiversity loss (Leigh et al., 2021; Schmidt, Hoban, & Jetz, 2023). 78 

 79 

At the species-level, an understanding of genetic diversity may confer improved conservation 80 

outcomes for several reasons. Generally, higher genetic diversity in individuals and populations is a 81 

hallmark of greater evolutionary adaptive potential to environmental change (Fernandez‑Fournier et 82 

al., 2021; Forester et al., 2022; Kardos et al., 2021) and elevated fitness and persistence in the face of 83 

threatening processes (Doyle et al., 2019; Reed & Frankham, 2003; Scott et al., 2020, Willoughby et 84 

al., 2017). Consequentially, the impacts of reduced genetic diversity can be substantial. Studies have 85 

found that often, across a variety of taxa, threatened species tend to have lower genetic diversity than 86 

those that are non-threatened (Canteri et al., 2021; Li et al., 2016; Willoughby et al., 2015). 87 

Exceptions to this general pattern exist; low genetic diversity does not in all cases necessitate elevated 88 

threat status (Schmidt, Hoban, Hunter, et al., 2023), and high genetic diversity is not in itself an 89 

infallible protection against population declines (Roycroft et al., 2021). However, it is fair to suggest 90 

that the retention of existing genetic diversity within wild populations is of great value to their 91 

conservation over the longer term (Frankham, 2005, 2015; Kardos et al., 2021). Indeed, for this 92 

reason, international policy targets intended to halt the further loss of biodiversity specify the 93 

retention of genetic diversity as a key aim (e.g., Target 4 of the UN’s Convention on Biological 94 

Diversity Kunming-Montreal Global Biodiversity Framework; (CBD, 2022)). 95 

 96 

Partly in response to such targets, alongside advances in genetic sequencing and analysis 97 

methodologies, a wealth of high-quality genetic data have been generated for thousands of species 98 

(Hoban et al., 2022; Leigh et al., 2021). This provides an opportunity for comparative macrogenetics 99 

to guide the retention of biodiversity across broad spatial scales. An understanding of the distribution 100 



 

 

of genetic diversity in fine detail across landscapes provides a means to direct conservation action to 101 

areas where the cross-taxonomic benefits are greatest (Leigh et al., 2021; Nielsen et al., 2023; 102 

Paz‑Vinas et al., 2015; Schmidt, Hoban, & Jetz, 2023). Several studies have already demonstrated the 103 

potential of conservation macrogenetics by describing macrogenetic trends relevant to landscape-scale 104 

conservation efforts. For example, Almeida‑Rocha et al. (2020) showed that species inhabiting 105 

anthropogenically disturbed landscapes had lower genetic diversity, while Schmidt et al. (2024) 106 

revealed that the global protected area network does not adequately protect genetically diverse 107 

populations. An additional promising, though as yet unexplored, application of conservation 108 

macrogenetics is the investigation of the consequences of extreme, large-scale, stochastic disturbance 109 

events to the genetic diversity of an affected landscape. Biodiversity is increasingly threatened by 110 

such disturbances (Harris et al., 2018), and their frequency and intensity are predicted to rise further 111 

(Stott, 2016). Given the links between a species’ genetic composition and its likelihood of persistence 112 

and recovery following declines (Banks et al., 2013; Kardos et al., 2021), the application of 113 

conservation macrogenetic principles to such cases could result in a deeper understanding of the 114 

potential genetic ramifications of these events, allowing for better-informed conservation efforts post-115 

disturbance.  116 

 117 

To examine the capacity of macrogenetics to guide conservation action in the context of 118 

environmental disturbances, we explored the genetic ramifications of the Australian ‘Black Summer’ 119 

wildfires of 2019 and 2020, which burned ~97,000 km2 of vegetation across southern and eastern 120 

Australia (Ward et al., 2020). This climate change fuelled event (Abram et al., 2021) was historically 121 

unprecedented (Boer et al., 2020; Collins et al., 2021), and accordingly, the landscape-scale 122 

implications for biodiversity have been explored from multiple angles (Driscoll et al., 2024). Studies 123 

have included the estimation of the degree of species distributional overlap with fire (Ward et al., 124 

2020), mortality estimates for multiple species (Legge et al., 2022), and potential ecological niche 125 

impacts across taxa (Sopniewski et al., 2024). However, the repercussions of these fires across the 126 

landscape, in terms of cross-taxonomic genetic composition, are unknown. The long-term 127 

consequences of this disturbance event could vary greatly depending upon the intraspecific genetic 128 

composition of species occupying impacted areas. If highly diverse regions were impacted, the 129 

ramifications of these fires could be more severe than initially thought, leaving remnant populations 130 

with a reduced ability to withstand further threatening processes and recover to their pre-fire sizes 131 

(Willoughby et al., 2015). Hence, the application of a macrogenetic approach to this case could 132 

provide a more comprehensive understanding of the genetic consequences of this disturbance across 133 

the fire-affected landscape.  134 

 135 

Here, we provide a framework for the application of conservation macrogenetic principles at a 136 

landscape-scale following an unprecedented environmental disturbance. We first present a novel 137 



 

 

framework to calculate genetic diversity across dozens of species from three taxonomic Classes, using 138 

reduced-representation sequencing datasets in the form of single nucleotide polymorphisms (SNPs). 139 

Despite their ubiquity in conservation genetics, SNPs have thus far rarely been employed in 140 

conservation macrogenetic studies, likely due to methodological limitations regarding the 141 

comparability of genetic estimates across taxa and studies (Hemstrom et al., 2024). However, by 142 

expanding upon recent developments that have alleviated these issues (Schmidt et al., 2021; 143 

Sopniewski & Catullo, 2024), we demonstrate how SNP data can be used to generate consistent and 144 

comparable estimates of genetic diversity such that the genetic composition of a landscape, 145 

representing multiple sympatric species, can be described. We then demonstrate the utility of this 146 

framework by estimating the potential genetic impacts of the Black Summer fires across an extensive 147 

region of southern and eastern Australia, providing a novel insight into the potential consequences of 148 

this severe environmental disturbance. 149 

 150 

 151 

 152 

 153 



 

 

2. Materials and Methods 154 

2.1. Genomic data background 155 

In response to the Australian 2019-2020 Black Summer fires, a project was initiated in 2020? to 156 

determine the genetic composition of potentially affected species. Coordinated by the Centre for 157 

Biodiversity Analysis at the Australian National University, with support from the National 158 

Environmental Science Program (NESP) Threatened Species Hub, BioPlatforms Australia, and tissue 159 

collections held by Australian museums, experts across a suite of vertebrate species were invited to 160 

lead genetic assessments for vertebrate species predicted to have been impacted. Species were 161 

selected that had known or suspected strong population substructure or undescribed species, and/or 162 

had sufficient tissue samples available for genetic analyses (Catullo & Moritz, 2021; Catullo et al., 163 

2021). Group members provided genetic samples which were sufficient for study inclusion (see 164 

below) for 20 frog species, 6 mammal species, and 7 reptile species. These species were present 165 

across a study area encompassing the eastern part of South Australia (including Kangaroo Island), 166 

much of Victoria and New South Wales, and the south-eastern region of Queensland (Figure SM1), a 167 

region larger than the extent of the fires because species’ distributions extend beyond burnt areas. 168 

Sequencing was performed in a similar manner for each species, and specific details for each sample 169 

can be found with their associated BioPlatforms Australia (BPA) upload (details for each in Table 170 

SM1). Briefly, DNA extractions were performed either by contributing labs using published methods 171 

or commercially available kits, or commercially by Diversity Arrays Technology Pty Ltd. (Canberra) 172 

(DArT). Extracted samples were submitted to DArT for genomic library preparation using proprietary 173 

techniques (Kilian et al., 2012). Libraries were then sequenced at the Biomolecular Resource Facility 174 

at the Australian National University.  175 

 176 

Following sequencing, population genetic analyses were performed for each species following a 177 

standardized pipeline (Catullo et al., 2021). A formatted genetic summary was then sent to relevant 178 

species experts (coauthors, as listed in Table SM1) who prepared a species assessment based on this 179 

information (a brief example of this process is outlined in the Supplementary Material). For some 180 

species, this involved the identification of multiple species-level operational taxonomic units (OTUs) 181 

within what was considered (at the time of analysis) to be a single species in the published literature. 182 

For the purpose of this study, we considered each expert identified OTU independently. Each 183 

assessment also described populations with significant genetic divergence which should be considered 184 

conservation units (CUs) within an OTU (Palsbøll et al., 2007). These CUs formed the basis of all 185 

following analyses. Each of these species’ assessments were compiled into a report for government 186 

agencies to guide conservation management, though due to the sensitivity of this data, the report is not 187 

publicly available. 188 

 189 



 

 

2.2. Spatial projections of conservation units 190 

We created a spatial projection for the distribution of each CU using species distribution modelling 191 

(SDM). For each OTU, we downloaded occurrence records from the Atlas of Living Australia (all 192 

species) (ALA, 2024) and FrogID (frogs only) (Rowley & Callaghan, 2020). For OTUs that had 193 

recently undergone taxonomic revision, we used the most recent species name but ensured that we 194 

checked former species names for likely records (for example, we re-assigned Limnodynastes 195 

dumerilii records that were likely to be the more recently described L. superciliaris based on their 196 

location). We cleaned each species’ dataset using broad guidelines for data filtering (Gueta & Carmel, 197 

2016). Specifically, using R (R Core Team, 2024), we first removed records without location data. We 198 

then cropped any records from outside of an OTU’s known distribution (buffered by one degree), 199 

using distributions from the Australian Frog Atlas (Cutajar et al., 2022) for frogs and IUCN 200 

distribution polygons (IUCN, 2024) for mammals and reptiles. We also removed records not recorded 201 

to at least 2 decimal places, and thinned records such that only one record was present in any 30-202 

arcsecond grid cell (the resolution of environmental data used for subsequent modelling). All spatial 203 

data preparation was conducted using the ‘terra’ package in R (Hijmans et al., 2022).  204 

 205 

We then created an SDM for each OTU. Generally, SDMs are most accurate when variables are 206 

chosen with reference to the biology of the species in question (Guisan et al., 2013), but in instances 207 

where multiple SDMs for many species are being constructed (such as here) this is often unfeasible. 208 

Hence, for each OTU, we initially employed a large suite of ecological predictors which included 209 

each of the 19 bioclimatic variables and elevation from the WorldClim 2.0 dataset (Fick & Hijmans, 210 

2017), topographic wetness index (Gallant & Austin, 2012), mean vegetation height (Ticehurst et al., 211 

2023), and gross primary productivity (Li & Xiao, 2019), following Sopniewski et al. (2024). 212 

Climatic layers from WorldClim were downloaded at 30 arcsecond resolution, and other layers were 213 

reprojected to match this resolution. For each OTU, we then reduced this set of ecological predictors 214 

to the largest uncorrelated set for that OTU as follows. First, using the ‘terra’ package, all variables 215 

were cropped to that OTU’s distribution (using the species distribution polygons downloaded earlier). 216 

Second, the variance inflation factor (VIF) for each variable was calculated to determine the degree of 217 

collinearity present, and the variable with the highest VIF score was removed. This was repeated until 218 

only a set of variables for which each had a VIF score < 10 remained. Third, we used Maxent (Phillips 219 

et al., 2017), implemented via the ‘dismo’ package (Hijmans et al., 2017) to construct an SDM. For 220 

each species, we selected 10% of the available background cells as pseudo-absences. We note that 221 

modelling can be affected by preferential sampling bias; accordingly, prior to modelling, we created a 222 

bias layer for each taxonomic Class (frogs, mammals, and reptiles), replicating methods used in 223 

Sopniewski et al. (2022). For each OTU, this bias layer was used to weight the selection of pseudo-224 

absences accounting for the sampling density of that OTU’s Class. Finally, for each OTU, we 225 

randomly selected 20% of occurrence records to withhold for model evaluation and ran a Maxent 226 



 

 

model with the remaining 80%. Using the withheld occurrence records, we then evaluated each 227 

OTU’s model using the evaluate function from the ‘dismo’ package. From this result, we were able to 228 

derive model performance statistics and environmental suitability thresholds to make binary 229 

suitable/unsuitable predictions. 230 

 231 

Once we had created an SDM for each OTU, we aimed to make a prediction of the distribution of 232 

each individual CU within the bounds of their OTU’s distribution. To do so, we employed the lineage 233 

range estimation method described by Rosauer et al. (2015) to define the likely boundaries of each 234 

CU’s distribution, based on the SDMs constructed for each OTU. Briefly, for each OTU, we first 235 

loaded all locations for each genotyped sample for that OTU, as well as the associated Maxent SDM 236 

prediction, into R. We then generated a cost distance layer from sequenced locations for each CU 237 

within that OTU, with cost defined as the suitability value (as determined from the SDM) subtracted 238 

from 1 (such that cells with a low suitability had a higher cost). For each CU, a weight layer was then 239 

generated according to the inverse cube of this cost, which was then multiplied by the model 240 

likelihood such that each cell within the SDM was assigned to a particular CU. Binary 241 

presence/absence raster layers were then created: for each CU, all cells with a suitability value higher 242 

than the maximum sum of sensitivity and specificity (maxSSS) values derived from its OTU Maxent 243 

model were included in its predicted distribution. Each of these CU predictions were then assessed by 244 

relevant species experts (Table SM1), and any erroneous predictions were amended. Figures 245 

representing the final predicted distributions of each CU are presented in the Supplementary Material. 246 

 247 

2.3. Genetic composition pipeline 248 

Using conservation macrogenetic principles, our goal was to describe the genetic composition of the 249 

study area by amalgamating genetic data across multiple species. We described this composition in 250 

two ways. First, we calculated genetic diversity, which we measured using expected heterozygosity 251 

(HE), observed heterozygosity (HO), and nucleotide diversity (π). Second, we used a metric related to 252 

phylogenetic endemism, a measure of range-restricted genetic distinctiveness (Rosauer et al., 2009), 253 

which we termed ‘weighted distinctiveness’ (WD). We describe WD below (Section 2.3.2).  254 

 255 

2.3.1. Population genetics statistics 256 

We obtained the raw short read sequences for each sample described above (Section 2.1) in FASTQ 257 

format and followed Sopniewski & Catullo (2024) to prepare our data for analysis, primarily using 258 

‘Stacks’ v2.0 (Catchen et al., 2013; Rochette et al., 2019).  First, we trimmed the barcodes, removed 259 

uncalled bases, and discarded low quality reads using process_radtags. Following this, we used 260 

‘Trimmomatic’ v0.39 (Bolger et al., 2014) to filter adapter sequences with the parameters 261 

“ILLUMINACLIP:TruSeq3-SE:2:20:10; LEADING:5, SLIDINGWINDOW:4:5; MINLEN:68”. Loci 262 

were then constructed de novo using ustacks, setting “M” to 4 and using default parameters for “m” 263 



 

 

(3) and “N” (M + 2) (Schmidt et al., 2021; Sopniewski & Catullo, 2024). Following Sopniewski & 264 

Catullo (2024), we treated each CU independently for all subsequent analyses. Continuing with the 265 

‘Stacks’ pipeline, we constructed a catalogue of loci using cstacks, setting “n” to 4. For catalogue 266 

construction, we used either every unique sample or 20 randomly selected unique samples (whichever 267 

was smaller). All samples then had their loci matched to the catalogue using sstacks before being 268 

transposed, using tsv2bam, for population genetics statistics calculations. 269 

 270 

For statistics calculated using ‘Stacks’ to be comparable, both fixed and variable sites should be used, 271 

sample sizes should be kept both low and equal, and missing data should be omitted (Schmidt et al., 272 

2021; Sopniewski & Catullo, 2024). Accordingly, we developed a pipeline for the calculation of 273 

population genetic statistics that accounted for these requirements. For each CU, we created 274 

‘population maps’ (lists of individual samples used to calculate population genetic statistics in the 275 

‘Stacks’ pipeline) for groups of exactly five unique samples – a threshold chosen to minimise the 276 

effects of sample size upon diversity estimates whilst adequately representing population-wide genetic 277 

diversity (Schmidt et al., 2021; Sopniewski & Catullo, 2024). To capture any geographic variation of 278 

diversity within each CU, we spatially biased these population maps such that one population map for 279 

each individual sample was created, each time selecting four unique samples comprising of its closest 280 

geographic neighbours. We then called SNPs from the catalogue using gstacks, before calculating 281 

population genetic statistics using populations, with the call rate filter set to 1 (no missing data 282 

allowed) (Schmidt et al., 2021; Sopniewski & Catullo, 2024). Any CUs with less than five individuals 283 

could not have their genetic diversity statistics reliably calculated, thus were excluded from further 284 

analyses. 285 

 286 

2.3.2. Weighted distinctiveness calculation 287 

To represent range-restricted evolutionary uniqueness across the landscape, we calculated a metric we 288 

termed ‘weighted distinctiveness’ (WD). This metric considered the evolutionary distinctiveness of a 289 

CU, relative to its OTU, and weighted this distinctiveness by its range size. Accordingly, a CU which 290 

has been historically isolated from other CUs within its OTU, and exists in only a small area, would be 291 

allocated a high value. This measure differs from phylogenetic endemism in that it considers the 292 

evolutionary distinctiveness of a CU only in the context of its OTU, rather than the position of an OTU 293 

in a broader phylogenetic tree, i.e., we calculated the phylogenetic distinctiveness within each OTU 294 

instead of across an all-taxon phylogeny. We deemed this finer-scale approach to be more appropriate 295 

for our aims, which were to describe the distribution of genetic distinctiveness at a CU-scale across a 296 

landscape, which would be confounded by the inclusion of long ancestral branches in an all-taxon 297 

phylogeny. 298 

 299 



 

 

First, for each OTU with more than one CU (Table SM1), we constructed a maximum likelihood 300 

phylogenetic tree in ‘IQTree’ (Minh et al., 2020) using the output from ‘Stacks’ (Supplementary 301 

Methods S1). All CUs were included in a phylogenetic tree, even if the number of samples did not 302 

permit their inclusion in genetic diversity analyses, to ensure appropriate calculation of evolutionary 303 

distinctiveness (Table SM1). Next, we converted each OTU phylogeny into an ultrametric tree using 304 

the R package ‘ape’ (Paradis & Schliep, 2019). We randomly selected one individual from each CU to 305 

retain and dropped all other tips, before rescaling the tree such that their branches summed to 100. This 306 

ensured that each OTU phylogeny had a maximum possible evolutionary distinctiveness (ED) value of 307 

100, and therefore each OTU contributed an equal total ED to landscape-scale analyses. We then 308 

calculated the ED value for each CU (the proportion of the OTU’s entire evolutionary history that was 309 

held within that CU) using the ‘picante’ package (Kembel et al., 2010). All OTUs for which only one 310 

CU existed were assigned an ED value of 100. Weighted distinctiveness (WD) values were then 311 

calculated for each CU by dividing its ED by the size of its modelled distribution (measured in square 312 

kilometres) using the ‘terra’ package. 313 

 314 

2.4. Spatial aggregation of genetic composition metrics 315 

Once we had calculated comparable genetic diversity and WD values for each CU, we stacked these 316 

together across the landscape. First, we defined genetic diversity (HE, HO, π) for each of our CUs. We 317 

represented these in two ways: (1) a mean value for the entire CU, calculated as the mean result of 318 

each population map repetition for that CU, and (2) a spatial projection of genetic diversity. To create 319 

the spatial projection, we first added the value of each population map result to the geographic 320 

location of the ‘focal sample’ upon the previously modelled CU distribution raster layer. We then 321 

interpolated these values across the CU layer using the interpIDW function of the ‘terra’ package. We 322 

repeated this process for each metric, producing three raster layers representing HE, HO, and π for each 323 

CU that accounted for any intra-CU variation in diversity.  324 

 325 

For each genetic diversity metric, we then overlaid (stacked) the raster layers of all CUs and 326 

calculated the mean value for each cell in the study area using the ‘terra’ package in R, such that each 327 

cell across the landscape represented the mean diversity value of the CUs present in that cell. For WD, 328 

we assigned the calculated WD value of each CU to the entirety of its modelled distribution, then also 329 

calculated the mean value in the same manner. We then repeated the stacking process, for each of the 330 

three taxonomic Classes (frogs, mammals, and reptiles), and for threatened and non-threatened OTUs. 331 

Given we were interested in comparing cross-taxonomic patterns of diversity and distinctiveness, for 332 

comparative analyses, we restricted our study area further to include only cells occupied by at least 3 333 

OTUs. 334 

 335 

2.5. Assessing the macrogenetic impacts of the Black Summer fires 336 



 

 

2.5.1. Describing the macrogenetic composition of the study area 337 

First, we examined the similarity between the trends we observed for each of our genetic diversity 338 

metrics (HE, HO, and π) by calculating Pearson’s r, using the base R ‘stats’ package. We also used 339 

Pearson’s r to examine correlations between taxonomic Classes, for both genetic diversity and WD. 340 

When describing the genetic composition of the landscape, we used the Interim Biogeographic 341 

Regionalisation of Australia (IBRA) version 7 (DAWE, 2012) bioregions to identify areas with 342 

particularly high and low values (Figure SM1). Whenever we refer to a bioregion, we refer 343 

specifically to the cells within that bioregion that meet our threshold for inclusion in the study area 344 

(occupancy of 3 or more OTUs) – not the full extent of the bioregion. 345 

 346 

2.5.2. Evaluating fire impact through a macrogenetic lens 347 

The areas burned by the Black Summer fires were defined by the AUS GEEBAM Fire Severity 348 

Dataset (2019-2020) (DAWE, 2020), which details fire extent and severity over the period between 1 349 

July 2019 and 13 February 2020. Cells within the study area were classified as either unburned, 350 

mildly burned (GEEBAM value 3) or severely burned (GEEBAM values 4 and 5) (DAWE, 2020). 351 

Our analyses considered regions ‘burned’ (mild and severe fire), as well as ‘severely burned’ (only 352 

severe fire). To explore differences between burned and unburned regions of the landscape, we 353 

generally discuss the median and range of values of areas (mean values with confidence intervals 354 

were not appropriate, given the uneven skew and non-normal distribution of our data). We described 355 

differences between burned and unburned areas across the entire study area, as well as specifically 356 

within bioregions that had substantial portions of their extent burned (>10%).  357 

 358 

To determine where the impacts of the fires may have been most acute across the landscape, we 359 

identified burned cells that had genetic diversity or WD values within the highest quartile for each of 360 

frogs, reptiles, and mammals. We then aggregated these results to describe burned regions within the 361 

study area that were especially valuable (high genetic diversity or high WD) across each of the 362 

taxonomic groups, thereby identifying areas where the cumulative potential impacts of the fires were 363 

at their highest. Finally, we also examined any relationships at the CU-level between genetic 364 

diversity/WD and the degree to which a CU experienced fire. Specifically, we performed linear 365 

regressions for each of the metrics we had calculated and the proportion of a CU’s modelled 366 

distribution that had burned. We repeated this for all CUs, each taxonomic Class, and each threat 367 

status separately.  368 

 369 

 370 

 371 

 372 

 373 



 

 

3. Results 374 

3.1. Genetic composition across the landscape 375 

Our final dataset was comprised of 33 operational taxonomic units (OTUs), subdivided into 63 376 

independent conservation units (CUs) (Table SM1). Of the 33 OTUs, 13 were represented by only a 377 

single CU. Frogs represented 20 of the 33 OTUs (12 of which were listed as threatened on the IUCN 378 

Red List as of 2020), 6 were mammals (3 threatened), and 7 were reptiles (none threatened). OTU 379 

richness per grid cell within the study area ranged from a single OTU to 11 (Figure SM2). For 380 

comparative analyses, we only considered cells within which our species distribution models 381 

predicted occupancy of at least 3 OTUs, which totalled to an area of 368,268 km2.  382 

 383 

When considering all OTUs, we found mean genetic diversity to generally follow a latitudinal 384 

gradient, with diversity being lowest in the north and highest in the south (Figure 1). This pattern was 385 

similar for each metric; both observed heterozygosity (HO) and nucleotide diversity (π) (Figure SM3), 386 

were highly correlated with expected heterozygosity (HE) (Pearson’s r = 0.95 and 0.99, respectively), 387 

thus herein we refer only to HE. A notable exception to the general pattern of diversity was the New 388 

England Tablelands bioregion (Figure 1b), a region to the north of the study area where diversity was 389 

higher than its surrounding bioregions. The highest diversity, found in the ‘Plains’ bioregions to the 390 

south of the study area (Figure 1c), appeared to be driven largely by the presence of non-threatened 391 

frogs, group which tended to have the highest diversity values (Figure SM4). Indeed, the general 392 

patterns of diversity across the study area were primarily reflective of those of frogs, the most well-393 

represented group: HE for frogs had a relatively high correlation with cross-taxonomic HE (Pearson’s r 394 

= 0.68), whilst mammals had a far weaker correlation (0.33), and reptiles had none (-0.03). Absolute 395 

values of genetic diversity were generally highest in frogs, followed by reptiles and mammals, and 396 

were also higher in non-threatened OTUs than threatened OTUs (Figure SM4). 397 



 

 

 398 
Figure 1. Expected heterozygosity (HE) across the study area, defined by the mean HE value of all CUs 399 

present within a cell (a). Only cells with an occupancy of 3 or more OTUs are shown. Lighter, more yellow 400 

cells are indicative of higher average HE. A general latitudinal gradient whereby HE increases from the 401 

north to the south can be observed, though a notable area of relatively high diversity is present in the New 402 

England Tablelands IBRA bioregion (b). HE is highest in the southern lowland regions of the study area, 403 

specifically the South East Coastal Plain, the Naracoorte Coastal Plain, and the Southern Volcanic Plain 404 

(c). The high values in these areas are primarily driven by diverse, non-threatened frog OTUs within our 405 

dataset. 406 

 407 

The genetic diversity patterns we described contrasted to those we observed for weighted 408 

distinctiveness (WD). The regions with evolutionarily distinct, range-restricted CUs were generally 409 

found in the peripheries of the study area. Cells within the upper decile (10%) of values were 410 

primarily observed in the Kanmantoo bioregion (which includes Kangaroo Island), the southeast 411 



 

 

coastal region, and the northern bioregions, often upon mountaintops (Figure 2). In particular, the 412 

South Eastern Queensland bioregion held multiple cells whose values were especially high. These 413 

outliers were primarily due to the presence of many short-range endemic OTUs, such as the 414 

Wollumbin Pouched Frog, Assa wollumbin (Figure 2), and range-restricted CUs, including CUs of the 415 

Mountain Frog, Philoria kundagungan (Figure 2), other Philoria CUs, and Assa darlingtoni CUs. 416 

Conversely, the lowest values for WD were observed in the inland regions west of the Great Dividing 417 

Range, where several widespread CUs reside. Intermediate weighted distinctiveness values (those 418 

inside the bounds of the 10% and 90% deciles) were far lower than the values in the northern 419 

bioregions, and patterns only became evident when these were log-transformed, which revealed a 420 

subtle pattern of decreasing WD with latitude and distance from the coast (Figure SM5).  Even more 421 

so than for diversity, frog WD highly correlated with the aggregate landscape value (Pearson’s r = 422 

0.98), with weaker correlations observed for mammals (0.24), and reptiles (though far stronger than 423 

for genetic diversity: 0.47) (Figure SM6).  424 

 425 

 426 
Figure 2. Mean weighted distinctiveness across the study area (all cells with three or more OTUs present). 427 

For clarity, only the upper (blue) and lower (red) deciles are shown in (a), with grey indicating cells within 428 

the study area with an intermediate value between these bounds. High values indicate that generally, the 429 

CUs present are evolutionarily distinct and have small distributions; low values denote the opposite. The 430 

highest values are found along the coastal fringes of the study area, though are especially high in the South 431 

Eastern Queensland bioregion (b). Here, the highest WD values can be observed, with some cells, 432 

generally in elevated areas, such as Wollumbin, supporting very high outlying values (c). This pattern is 433 



 

 

primarily driven by the presence of many short-range, mountain-dwelling OTUs within this region, 434 

including the Mountain Frog, Philoria kundagungan (pictured). Photo credit: Jodi Rowley. 435 

 436 
3.2. Genetic implications of the Black Summer fires 437 

Approximately 16.4% (60,226 km2) of our study area was burned during the Black Summer fires, and 438 

within this extent, ~44% (26,458 km2) was burned at high severity (Figure 3). We found the potential 439 

impact of the Black Summer fires in terms of the study area’s cross-OTU genetic composition to be 440 

mixed. Though fire occurred throughout the entire study area, the most genetically diverse regions 441 

(considering all taxonomic Classes) of the landscape to the south were affected to a far lesser extent 442 

than the comparatively less genetically diverse bioregions to the east and north of the study area 443 

(Figure SM7). The overlap with fire across bioregions was very unequal, ranging from negligible 444 

overlap in the South East Coastal Plain to almost two thirds overlap in the South East Corner 445 

(considering only cells within our study area). Eight bioregions had >10% overlap with fire (Figure 446 

3), representing an area of ~201,031km2, ~28.1% of which was burned (~12.9% severely). 447 



 

 

 448 

 449 
Figure 3. Regions burned during the Black Summer fires by mild (yellow) and severe (red) fires within the study area (a), and the proportion of cells with an OTU 450 

richness > 2 within each bioregion that were fire affected (b). Bioregions where >10% of OTU-sufficient cells were burned are indicated in both panels, with the 451 

dashed line in (b) highlighting this threshold. 452 

 453 



 

 

We found that across the study area, when considering diversity across all OTUs, fires generally 454 

burned in regions where HE was lower (Figure 4a, Table SM2). However, this was not the case when 455 

taxonomic Classes were considered independently. In fact, for frogs and reptiles, the median HE 456 

values for burned cells were higher than for unburned cells, suggesting that fires burned in slightly 457 

more diverse regions of the landscape. For mammals, however, we observed minimal differences in 458 

the diversity of burned and unburned regions. For WD, we found that fires burned generally in regions 459 

with higher values (Figure 4b, Figure SM8). For this metric, this pattern was evident when all OTUs 460 

were considered in aggregate, and for each individual taxonomic Class, where the median value of 461 

WD in burned areas, relative to unburned areas, was highest for reptiles, followed by frogs and then 462 

mammals. 463 

 464 
Figure 4. The spread of values for expected heterozygosity (a) and weighted distinctiveness (log 465 

transformed) (b) in unburned regions (grey), all burned regions (yellow), and severely burned regions (red) 466 

of the study area. Shown are values for all OTUs considered in aggregate, as well as for each taxonomic 467 

Class. The width of each ‘burned’ violin plot is proportional to the amount of the study area that was 468 



 

 

burned for each severity category within the relevant group. In each panel, the dashed line indicates the 469 

median value across all burned and unburned cells in the study area for that group, with the smaller solid 470 

lines reflecting the median values for each impact type (unburned, burned, severely burned). Where these 471 

solid bars appear to the right of the dashed line in each panel, this indicates that the median value for cells 472 

within the relevant impact type (e.g., severely burned), is higher than the median value across all cells in 473 

the study area (for that group).  474 

 475 

3.3. Variable potential genetic impacts across the landscape   476 

Given that patterns of diversity across the landscape in taxonomic Classes did not reflect those 477 

derived from all OTUs considered together, we further explored potential fire impacts separately 478 

within each Class. We found that the likelihood for burned regions generally to be more genetically 479 

diverse and have higher WD values than unburned regions was not equally represented across the 480 

landscape (Figure 5, Table SM3). Further, the regions where impacts were potentially at their highest 481 

(in the context of genetic diversity and WD) were not necessarily equivalent for each taxonomic 482 

Class; for example, whilst the fires burned highly valuable (considering WD) regions for reptiles in 483 

the NSW North Coast bioregion, for frogs and mammals, the fires generally burned less important 484 

areas of this bioregion. However, we did observe consistent, cross-taxonomic trends in some 485 

bioregions. Considering both HE and WD in the New England Tablelands bioregion, for instance, the 486 

fires appeared to have predominately burned in important regions for all taxa.  487 



 

 

 488 

 489 
Figure 5. The relative difference of values in burned areas compared to unburned areas for HE (a) and 490 

weighted distinctiveness (b), grouped by IBRA bioregion and taxonomic Class. In each panel, the dashed 491 

line represents the median value for the unburned area of the relevant bioregion. The points indicate the 492 

difference in median values for the burned regions relative to the unburned regions: negative differences 493 

(left of the dashed line) show that the median value for the burned region was lower than that for the 494 

unburned region (i.e., the fires burned predominately in areas of the bioregion where the relevant value 495 

was lower). Given the uneven skew of data, bars are included to represent the interquartile range for these 496 

values and are presented for both (yellow) all fires and (red) severe fires (points coincide with these bars). 497 

Both bars and points are sized according to the area within each bioregion (where the relevant taxonomic 498 

Class is present) that was burned, with larger sizes indicating that a greater proportion of that bioregion 499 

was fire-affected. Note that within our dataset, no mammals were present in the Kanmantoo bioregion. 500 



 

 

To infer where the potential impacts from the Black Summer fires may have been most acute, we 501 

identified burned areas within the upper quartile of HE and WD (amongst all burned areas). Across the 502 

landscape, we found that the most affected areas generally differed between taxonomic Classes; 503 

however, burned areas to the south tended to be in areas of higher genetic diversity than to the north, 504 

and conversely, WD values tended to be higher in the north than to the south (Figure 6a). Within 505 

Classes, high-diversity areas rarely coincided with high-WD areas: for frogs and reptiles, only ~1% of 506 

areas burned were in the upper quartile of each measure (for mammals, this was <0.1%). When we 507 

considered the valuable regions for all Classes together, regions where the fires may have had their 508 

largest cumulative effect became clear (Figure 6b). Specifically, within the South East Corner 509 

bioregion, 32% of all burned areas were highly valuable for frogs, reptiles, and mammals (considering 510 

both HE and WD), with a further 36% of these being valuable for at least 2 Classes. The Australian 511 

Alps (14% 3 Classes, 28% 2 Classes) and the NSW North Coast (8% 3 Classes, 18% 2 Classes) were 512 

also noteworthy. 513 



 

 

 514 
Figure 6. Categorisation of areas burned in the Black Summer fires for each taxonomic Class (a), and the number of Classes for which burned areas were considered 515 

valuable (b). In (a), yellow shows burned areas that had values in the upper quartile of all burned areas for HE; red, the same, though for weighted distinctiveness 516 

(WD); blue, areas that were in both of these categories; dark grey, areas that were in neither; and light grey, where fires burned, but no OTUs within the relevant 517 

Class were present. In (b), green shows areas that were in the upper quartile for each of the taxonomic Classes, for both metrics together and for each metric 518 

independently; pink, areas that were valuable for any two taxonomic Classes; and grey, areas that were valuable for either one or no Classes. Three IBRA bioregions 519 

where fires disproportionately burned in areas valuable for many Classes are indicated in (b).   520 



 

 

Finally, we compared the landscape-scale trends we observed to those obtained from considering 521 

independent CUs (Figure 7, Figure SM9). Using linear regressions across all CUs, as well as within 522 

each group (taxonomic Class and threat status), we found no significant trends between measures of 523 

genetic diversity or WD and the proportion of a CU’s distribution that was burned, apart from 524 

observed heterozygosity in frogs, which was lower in CUs that had a greater proportion of their 525 

distribution burned (β = -0.002, p = 0.013) (Table SM4).  526 

 527 
Figure 7. Expected heterozygosity (a) and the weighted distinctiveness (log transformed) (b) for each CU 528 

considered in the study compared to the proportion of its modelled distribution that was burned. Error bars 529 

in (a) give the 95% confidence intervals for HE estimates for each CU. Points are coloured according to 530 

their threat status, with blue indicating non-threatened OTUs, and yellow threatened OTUs. 531 

 532 

 533 

 534 

 535 



 

 

4. Discussion 536 

4.1. The genomic impact of Australia’s Black Summer fires 537 

Australia’s Black Summer fires impacted hundreds of native species. Whilst species responses to 538 

these fires were variable (e.g., Driscoll et al., 2024; Legge et al. 2022; Ensbey et al. 2023), several 539 

studies have demonstrated adverse effects, both for specific taxa (including frogs, Beranek et al., 540 

2023; Heard et al., 2023; mammals, Woinarski et al., 2023; and reptiles, Letnic et al., 2023) and 541 

whole landscapes (Sopniewski et al., 2024; Ward et al., 2020). Our results extend this body of work. 542 

We show that Australia’s Black Summer fires generally burned in areas characterised by high genetic 543 

diversity and evolutionarily distinct, short-range CUs for a subset of frogs, mammals, and reptiles. We 544 

also demonstrate that the potential consequences of these fires were uneven across the landscape – 545 

within the fire footprint, genetic diversity was highest in the southeast, and weighted distinctiveness 546 

highest in the northeast of the study area. Collectively, these results enhance our understanding of the 547 

potential impacts to biodiversity from this globally significant disturbance event.  548 

  549 

Within taxonomic Classes, we found that fires generally occurred in regions with higher genetic 550 

diversity (Figure 4, Table SM2).  This is concerning given that these areas are key to the recovery and 551 

persistence of affected species. Relative to other populations with lower genetic diversity, the local 552 

populations that contribute to higher aggregate diversity within burned areas are more likely to have 553 

greater fitness and viability (DeWoody et al., 2021; Kardos et al., 2021), and be subject to lower 554 

levels of inbreeding, thus reducing the cumulative load of deleterious alleles within their populations 555 

(Keller & Waller, 2002; Robinson et al., 2019). Both in the presence or absence of any threatening 556 

process, including these fires, it is these high-diversity populations that are the most valuable for 557 

ensuring the long-term viability of the species, both in situ (DeWoody et al., 2021; 558 

Fernandez‑Fournier et al., 2021; Harrisson et al., 2014) or by acting as a source of genetic diversity 559 

for conservation translocations or captive breeding  (Ralls et al., 2020; Whiteley et al., 2015). Further, 560 

in several bioregions, we found that genetic diversity was higher in severely burned regions than those 561 

only mildly burned (Figure 5, Table SM3). For species that were negatively impacted by the fires, 562 

other studies have found or predicted that the consequences were often more pronounced in severely 563 

burned areas (Driscoll et al., 2024; Legge et al., 2022; Letnic et al., 2023), thus in these areas (for 564 

example, frogs and mammals in the New England Tablelands bioregion), the long-term ramifications 565 

of these fires could be especially bleak. 566 

 567 

It should also be considered that where fires burned in more genetically diverse areas of the 568 

landscape, the populations most exposed were perhaps those best placed to face this disturbance. As 569 

mentioned previously, it is these populations that likely have higher abundance, fitness, and general 570 

capacity to rebound following a demographic reduction (Doyle et al., 2019; Reed & Frankham, 2003; 571 



 

 

Scott et al., 2020, Willoughby et al., 2017). In instances where fires did burn in more diverse areas, 572 

less diverse populations that may have a lower capacity to rebound following the disturbance were 573 

more often spared. However, the consequences for a species collectively may be greater if mortality is 574 

higher in more genetically diverse populations, as the cumulative loss of diversity through a genetic 575 

bottleneck will likely be more pronounced (Banks et al., 2013; Kardos et al., 2021). Resultingly, the 576 

total breadth of genetic diversity present within a species, and its capacity to persist through 577 

subsequent threatening events, could be reduced. 578 

 579 

Even more consistently than for genetic diversity, we found weighted distinctiveness to be higher in 580 

burned than unburned regions (Figure 4). The consequences of negative fire impacts to areas with 581 

high WD are less nuanced than for genetic diversity. Our WD metric measures the distinct 582 

evolutionary history of a CU relative to its OTU, thus capturing adaptations and genetic variability 583 

unique to that CU; for these reasons, as well as the fact that once lost, they cannot be recovered, 584 

evolutionarily distinct CUs are of especially high conservation priority (Cadotte & Davies, 2010; 585 

Dufresnes et al., 2023; Moritz, 1994, 2002). Further, WD prioritises CUs with small, restricted 586 

distributions. Not only are these CUs more susceptible to any future local habitat or environmental 587 

changes (Manes et al., 2021), but by virtue of existing in more restricted areas (and thus likely in 588 

lower numbers), they are intrinsically at a greater extinction risk prior to a fire event (Newsome et al., 589 

2019), amplifying any potential consequences resulting from these fires. Burned areas with high WD 590 

are therefore likely some of the most adversely affected. Generally, we found these to be to the north 591 

of the study area, in the New England Tablelands and South East Queensland bioregions. Notably, 592 

several CUs with particularly high WD had relatively low overlap with fire (Figure 7), highlighting 593 

that by nature of having short ranges, areas of high impact related to WD will be localised. As climate 594 

change continues and disturbance events such as these increase in frequency, the likelihood of these 595 

high WD CUs being adversely affected will coincidingly escalate, however. 596 

 597 

4.2. The opportunities and challenges of macrogenetic approaches for conservation following 598 

disturbance events 599 

Here, we have shown how the aggregation of population genetics statistics across landscapes can 600 

uncover macrogenetic spatial patterns that are not apparent when considering species in isolation. In 601 

the context of the Black Summer fires, we should perhaps expect to observe a relationship between 602 

fire and the genetic composition metrics considered here. These fires burned predominately in native 603 

forests (Davey & Sarre, 2020), and natural environments generally harbour greater genetic diversity 604 

than disturbed or modified areas (Miraldo et al., 2016; Schmidt et al., 2020). Further, extensive areas 605 

of Australia’s Gondwanan rainforests, a region noted for its high concentrations of short-range 606 

endemic species with distinct evolutionary histories (Kooyman et al., 2020), were substantially 607 

affected. Hence our results, which show that the fires tended to burn in areas of the landscape with 608 



 

 

higher genetic diversity and WD for frogs, mammals, and reptiles, are perhaps to be expected. The 609 

fact that we mainly observed no relationships between CU-level genetic composition metrics and the 610 

proportion of their distributions burned (Figure 7, Table SM4) further demonstrates the utility of our 611 

macrogenetic approach. Although trends between diversity or uniqueness and areas impacted by fire 612 

were mostly (apart from HO in frogs) not observable at a CU-scale, our finding that areas of high and 613 

low diversity across species clustered in regions across the landscape allowed us to identify regions 614 

where cumulative impacts may be higher. For example, we showed that across taxonomic Classes, the 615 

fires in the South East Corner and NSW North Coast bioregions (and surrounds, including parts of the 616 

New England Tablelands) impacted the most diverse and distinct CUs in our dataset, highlighting 617 

these areas as important candidates for focused conservation actions (for example, postfire weed 618 

management and feral animal control).  619 

 620 

The ability to estimate where in the landscape the genetic impacts of an event such as the Black 621 

Summer fires are most acute is beneficial. However, a macrogenetic approach employed in isolation is 622 

likely insufficient. Indeed, a frequent criticism of such methods is a potential disconnect between 623 

landscape patterns and in situ realities (Santini et al., 2021). An example of this disparity is apparent 624 

in our own results. The pouched frog, Assa darlingtoni, had an estimated 22% of its distribution 625 

(Ward et al., 2020) and 36% of its environmental niche (Sopniewski et al., 2024) burned in the 2019-626 

2020 fires. However, the high-value, genetically diverse populations of A. darlingtoni we identified 627 

experienced fire to a far lesser degree, with the greatest fire overlap occurring in the least diverse CU 628 

(Table SM1, Supplementary OTU Figures). Whilst not a positive outcome for this low-diversity CU, 629 

for the species in its entirety, it is likely that a greater proportion of the species’ total genetic diversity 630 

has been unaffected by the fires. This differs to our landscape-scale findings and is a fortunate result, 631 

given that Beranek et al. (2023) found A. darlingtoni occupancy to be particularly adversely affected 632 

by the Black Summer fires. Whilst the benefits of macrogenetic approaches to informing conservation 633 

actions after major disturbances such as megafires should be appreciated, they are best used in tandem 634 

with on-the-ground, species-specific actions (Zizka et al., 2021). 635 

 636 

A key finding of our study, with major implications for conservation macrogenetic studies, was the 637 

differences in the overall levels and spatial patterns of genetic diversity we observed between taxonomic 638 

Classes. Whilst the methods we employed allow for direct comparison of genetic diversity estimates 639 

across species (Schmidt et al., 2021; Sopniewski & Catullo, 2024), these must be considered in context; 640 

i.e., the raw value of HE for one CU (such as a mammal) may not hold the same significance as it would 641 

for another, evolutionarily distant CU (such as a frog). Genetic diversity across taxa is influenced by 642 

life history, ecological strategy, and relative population size, thus the differences we observed are to be 643 

expected (Ellegren & Galtier, 2016; Romiguier et al., 2014). This is an important consideration for 644 

future macrogenetic studies that utilise our stacking approach – whilst heterozygosity estimates may be 645 



 

 

comparable when the appropriate methods are followed (Schmidt et al., 2021; Sopniewski & Catullo, 646 

2024), only biologically comparable OTUs should be considered together. Importantly, our stacking of 647 

diversity metrics within Classes allowed us to observe variable spatial patterns of genetic diversity 648 

among groups, resulting in the areas we estimated to have experienced the most severe potential impacts 649 

varying across the landscape for each taxonomic Class. We were able to utilise this information and 650 

infer regions of the study area where the impacts of the fires may have been greatest across taxonomic 651 

Classes, namely by identifying regions important to all three (Figure 6). However, these contextual 652 

differences in patterns of genetic diversity remain an important factor to consider in macrogenetic 653 

analyses and any resultant conservation actions.  654 

 655 

The variable taxonomic patterns we observed across the landscape also highlight a caveat with our 656 

study that is emblematic of perhaps the biggest obstacle to the wider incorporation of conservation 657 

macrogenetic studies: a lack of data (Hoban et al., 2022). Despite a rapid increase in the accessibility 658 

of genetic data for conservation research (Hoban et al., 2022; Hohenlohe et al., 2021), it remains 659 

challenging to amass data that is sufficiently representative of the diversity of species present in any 660 

given landscape. Our study is large in the context of conservation genomics, particularly considering 661 

the use of SNP data: our final dataset included samples from 1,205 unique individuals, representing 662 

over 30 OTUs. However, this pales in comparison to the true diversity of the study area, where 663 

hundreds of species from the three vertebrate Classes we examined overlapped with the Black 664 

Summer fires (Ward et al., 2020), not to mention the thousands of bird, freshwater fish, invertebrate, 665 

and plant species present in the landscape (Dricsoll et al., 2024). Currently, conservation macrogenetic 666 

studies such as ours are largely limited by the availability of samples. To enhance future studies, 667 

ongoing collection of genetic samples remains key and should be a priority, particularly for museums 668 

(Catullo et al., 2021); it is also critical that such institutions are adequately funded to support this 669 

continual data collection. 670 

 671 

We observed non-random patterns of diversity and uniqueness across the landscape, and it is likely 672 

these patterns may be shared more broadly. Drivers of intra- and interspecific differences in genetic 673 

diversity – both natural (Figuerola‐Ferrando et al., 2023; Paz‑Vinas et al., 2015) and anthropogenic 674 

(Almeida‑Rocha et al., 2020; De Kort et al., 2021; Schmidt et al., 2020) – can act similarly upon 675 

sympatric species across landscapes, resulting in non-random spatial patterns of cross-taxonomic 676 

diversity across a landscape. Our findings here could thus, in theory, be used to infer potential impacts 677 

for related sympatric species that we were unable to include in our study. However, in our case, this 678 

must be done cautiously, as we described these patterns from relatively few overlapping OTUs. We 679 

can be confident in our findings for the OTUs we considered, though to confirm these patterns more 680 

broadly, more genomic data are critical. Given that genetic analyses in conservation assessment are 681 

increasingly utilised (Willi et al., 2022), and that it is commonplace to upload genetic sequences to the 682 



 

 

public domain accompanying publication (Crandall et al., 2023), more extensive analyses to confirm 683 

these patterns will likely soon be feasible. 684 

 685 

Though Australia’s Black Summer fires were historically unprecedented, similar events have since 686 

occurred elsewhere in the world and are predicted to increase in frequency (Cunningham et al, 2024; 687 

Kelly et al., 2020). Alongside numerous other threatening processes the natural world faces (Dirzo et 688 

al., 2022; Habibullah et al., 2022; Urban, 2015), biodiversity is in peril. To direct conservation actions 689 

to where they will be most effective, new tools are needed to understand biodiversity at scale, both in 690 

response to, and in preparation for, sudden disturbance events and other processes that can trigger 691 

population declines and extinctions. Conservation macrogenetics is a promising avenue to do so 692 

(Leigh et al., 2021; Schmidt, Hoban, & Jetz, 2023), and here we have demonstrated how it can be 693 

comprehensively deployed in response to a major disturbance event. We advocate for the continued 694 

collection of genetic data, and for greater funding of institutions such as museums and herbaria that 695 

hold and curate these resources for the research community. If we can ensure that genetic information 696 

continues to accumulate, then our framework can be engaged in numerous contexts to support 697 

multilateral efforts to halt the global reduction of biodiversity.  698 
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