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ABSTRACT 1 

Expanding populations of mesopredators threaten biodiversity and human health in many 2 

ecosystems across the world.  Lethal control through harvest is commonly implemented as a 3 

mitigation measure,  yet its effects on mesopredator population dynamics in interaction with 4 

compensatory mechanisms and environmental conditions has rarely been assessed 5 

quantitatively due to data constraints. Recent advances involving integrated population 6 

models (IPMs) have enabled promising new avenues for overcoming these constraints by 7 

jointly analysing multiple datasets while simultaneously accounting for bias and uncertainty. 8 

Here we developed a versatile IPM workflow for studying mesopredator population 9 

dynamics under different management regimes and applied it to an expanding population of 10 

red foxes in Arctic Norway. Our model combined routinely collected data on age, 11 

reproductive status, and genetic similarity from >4000 harvested red foxes with opportunistic 12 

field observations and information published on red foxes elsewhere. This allowed us to 13 

quantify population dynamics over a period of 20 years and identify the drivers of changes in 14 

population growth rates using retrospective (transient Life Table Response Experiments, 15 

tLTREs) and prospective (population viability analyses, PVAs) perturbation analyses. We 16 

found dramatic year-to-year fluctuations in red fox population size due to natural mortality 17 

and immigration responding to changes in rodent prey availability and population density. 18 

Forward projections indicated that current harvest levels were likely sufficient to prevent 19 

population increase over longer time periods. However, even substantial increases in harvest 20 

levels were unable to evoke population decline due to strong buffering effects of density-21 

dependence, especially through immigration. Our study highlights the potential of IPMs for 22 

studying population dynamics even when no structured surveys of living animals are 23 

available and illustrates the value of extracting and curating information from harvested 24 

animals. Our semi-automated and reproducible modelling workflow is ready to be re-run 25 
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periodically when new data becomes available for our study population and can easily be 26 

transferred and adapted to other harvested species, contributing to the development of cost-27 

effective population analyses that are of high relevance for informing management strategies 28 

and mitigating biodiversity loss in practice.  29 
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INTRODUCTION 30 

Spread and abundance increases of both alien and native invasive species are among the main 31 

drivers of ongoing global biodiversity loss (IPBES 2019). In many ecosystems around the 32 

world, population growth and range expansion of predators that occupy mid-ranking positions 33 

in the food-web (mesopredators) are particularly problematic (Prugh et al. 2009, Moore et al. 34 

2023). Mesopredators of concern are often generalists that benefit from a variety of 35 

anthropogenic changes to ecosystems. One the one hand, increased food availability in human-36 

dominated landscapes relaxes bottom-up constraints on mesopredators (Larivière 2004, 37 

Pasanen-Mortensen and Elmhagen 2015). On the other hand, mesopredators face less top-down 38 

constraints following the eradication of many apex predator populations (Elmhagen and 39 

Rushton 2007, Prugh et al. 2009). Mesopredator populations that are thus released from both 40 

top-down and bottom-up constraints increase in abundance, leading to high predation pressure 41 

on their prey and causing negative cascading effects down the food chain (Prugh et al. 2009, 42 

Roos et al. 2018). Declines and even local extinctions of numerous bird, reptile, and ungulate 43 

populations have been the result (Brashares et al. 2010, Read and Scoleri 2015, Kämmerle et 44 

al. 2017). Population growth, human spread, and climatic changes also help mesopredators 45 

expand into new habitats, become invasive, and displace native species (Salo et al. 2008, 46 

Elmhagen et al. 2017). Besides having negative impacts on biodiversity, the expansion of 47 

mesopredators can also pose a threat to human health as some mesopredators (e.g. red foxes, 48 

Vulpes vulpes) are vectors for zoonotic diseases such as rabies and alveolar echinococcosis 49 

(Holmala and Kauhala 2006, Laurimaa et al. 2016). 50 

Given the negative effects of mesopredator population growth and expansion, control through 51 

harvest (also referred to as “culling”) is widely implemented as a management action. 52 

However, the effect of harvest is difficult to quantify and often unclear (Conner and Morris 53 

2015), partly owing to demographic resilience that allows mesopredator populations to 54 
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compensate for increased mortality (Salo et al. 2010, Minnie et al. 2016). Assessing the impacts 55 

of management interventions thus requires unbiased estimates of population sizes and 56 

demographic rates under different harvest pressures and environmental conditions (Henden et 57 

al. 2021). Traditionally, obtaining such estimates hinged on the availability of long-term 58 

individual-based demographic data from marked individuals (Clutton-Brock and Sheldon 59 

2010), but this type of data is difficult to obtain, particularly for predators that are highly 60 

mobile, elusive, and nocturnal (Karanth and Chellam 2009). Furthermore, long-term 61 

monitoring of marked individuals in heavily harvested populations is often impossible due to 62 

high mortality. Data obtained from harvested animals, on the other hand, are readily available 63 

but traditional methods of analysing them (e.g. life table analysis) are prone to bias and unable 64 

to reliably estimate demographic parameters (Williams et al. 2002).  65 

The solution to both insufficient individual-based data and analytical biases lies in data 66 

integration, and – specifically – in using integrated population models (IPMs). IPMs jointly 67 

analyse multiple datasets, allowing both rich and sparse datasets, as well as expert knowledge 68 

and other published studies, to contribute information to a model for the true, latent population 69 

dynamics (Schaub and Kéry 2021). This makes IPMs ideal tools for harnessing information 70 

from harvest data while accounting for biases and maximizing information gain from sparse 71 

auxiliary data, as illustrated by the rapid growth in their popularity for studying harvested 72 

populations over recent years (Arnold et al. 2018, Nater et al. 2021, Gamelon et al. 2021). 73 

Bayesian implementations of IPMs have the additional advantage of full propagation of 74 

uncertainty and the possibility to connect directly to simulations of population trajectories 75 

under different harvest and management scenarios (Saunders et al. 2018, Schaub and Kéry 76 

2021), making them highly relevant in the context of mesopredators management.  77 

Irrespective of the exact method, another crucial aspect for analyses geared towards informing 78 

management decisions is reproducibility. Ensuring effective predator control and sustainable 79 
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management of fish and wildlife populations more generally requires estimates of population 80 

size and key vital rates not just once but repeatedly over time (Nichols et al. 2019). This stands 81 

in stark contrast to the fact that the vast majority of analyses in ecology are not documented to 82 

an extent that allows re-running and reproducing workflows (Culina et al. 2020). For applied 83 

ecology to be truly capable of empowering managers and decision-makers, it has to produce 84 

not only research articles but also accessible and reproducible workflows that can be re-run 85 

routinely and cost-effectively whenever new data becomes available (Powers and Hampton 86 

2019).  87 

In this study, we develop a versatile IPM workflow for studying mesopredator population 88 

dynamics under different harvest regimes and apply it to a case study of an expanding red fox 89 

population in the tundra of Northern Norway. Capitalizing on data integration, our IPM 90 

combines information from harvested foxes (age, reproduction, and genetic similarity), 91 

opportunistic surveys (pup counts from hunters and camera traps at dens), and prior knowledge 92 

on natural mortality derived from other studies. We then use the model to estimate population 93 

size and key vital rates of red foxes in our study area over the last 20 years (2005-2024) of 94 

intense harvest. We further investigate the potential role of environmental conditions (food 95 

availability via the abundance of small rodents), density dependence, and harvest compensation 96 

on population regulation, and identify the key demographic drivers of past population change 97 

through transient life table response experiments (tLTREs, Koons et al., 2016, 2017). Finally, 98 

we couple our IPM with population viability analyses (PVAs, Morris & Doak, 2002; Saunders 99 

et al., 2018) to explore the effects of alternative management scenarios on future population 100 

trajectories. We thereby provide estimates and improved understanding of red fox population 101 

dynamics that are relevant for the conservation of a fragile tundra ecosystem. Beyond that, we 102 

publish an accessible, reproducible, and semi-automated IPM workflow that can be 1) re-run 103 

easily once new data becomes available and 2) readily adapted to other harvested species. We 104 
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thus facilitate the implementation of cost-effective population analyses that are of high 105 

relevance for informing management and conservation in practice.   106 

 107 

 108 

MATERIALS AND METHODS 109 

Study species and area  110 

Red foxes are one of the most widely distributed mesopredators in the world (Larivière and 111 

Pasitschniak-Arts 1996) and their influx into tundra regions of Eurasia and North America 112 

during the last century is one of the most striking examples of mesopredator expansion 113 

(Skrobov 1960, MacPherson 1964, Stickney et al. 2014, Gallant et al. 2020). This ongoing 114 

expansion threatens populations of endemic tundra species (Elmhagen et al. 2017, Henden et 115 

al. 2021), and has motivated intense management efforts not least through targeted harvest 116 

(Angerbjörn et al. 2013, Marolla et al. 2019). The red fox’s success in colonizing and thriving 117 

in new habitats stems from its opportunistic diet and relatively fast life history: red foxes can 118 

reach sexual maturity towards the end of their first year of life and females typically give 119 

birth to 3-6 pups (range 1-12) per year. Survival beyond 5 years of age is rare in the wild 120 

(Larivière and Pasitschniak-Arts 1996). 121 

Our study focuses on a population of red foxes located on Varanger Peninsula, which lies at 122 

the northeastern tip of Norway (70-71°N 28-31° E, Figure 1). The interior and northern and 123 

eastern coastal lowlands of the peninsula form a fringe of low Arctic tundra that is 124 

disconnected from the extensive Russian Arctic tundra to the east (Walker et al. 2005). Due 125 

to rapid climate warming this tundra ecosystem is currently on trajectory to shift towards a 126 

boreal climate (Pedersen et al. 2021), and this has contributed to an increase in local red fox 127 

abundance during the last century (Johnsen 1929, Ims et al. 2017). Small rodents are the most 128 

important prey of red foxes on Varanger (Killengreen et al. 2011), and red foxes are known to 129 
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exhibit strong numerical response to rodent cycles (Henden et al. 2009a). Three species of 130 

rodent are of functional importance in our study area; the grey-sided vole (Myodes 131 

rufocanus), the tundra vole (Microtus oeconomus), and the Norwegian lemming (Lemmus 132 

lemmus) (Ims et al. 2017). All three species have spatially and temporally synchronous cycles 133 

with a 4 to 5-year periodicity, but lemming peak abundances occur only during some of the 134 

vole peak years (Ims et al. 2011, 2017). In addition, red foxes feed on reindeer carcasses, 135 

which are readily available in inland areas in winter due to widely practiced reindeer herding,  136 

and also exploit marine resources along the coastline (Killengreen et al. 2011).  137 

 138 

Intense red fox harvest has been implemented in our study area and some neighbouring areas 139 

since 2005 to conserve the remaining population of  regionally endangered arctic foxes 140 

(Vulpes lagopus) and ground nesting birds (Hamel et al. 2013, Ims et al. 2017). While this 141 

 
Figure 1. The study area within Fennoscandia and spatial representation of used data sources. Red 

circles = harvested females; Small blue circles = genetic samples of harvested females and males; 

Large blue circles = genetic samples from three possible immigrant source populations and 

corresponding sample sizes; Green triangles = opportunistic surveys of live pups upon den 

emergence and corresponding sample sizes; White boxes = small rodent trapping sites. 
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may have contributed to recent increases in ptarmigan (Lagopus lagopus) densities (Henden 142 

et al. 2021), sparse monitoring data has so far precluded robust assessments of whether and 143 

how harvesting, together with environmental drivers, has affected the red fox population 144 

itself.  145 

 146 

 147 

Data collection and processing 148 

Harvested foxes – Age 149 

Over 4500 red foxes (~ 40% females, 50% males, 10% sex not recorded) have been harvested 150 

on Varanger Peninsula from 2005 to 2024. The main hunting season lasts from July 15th to 151 

April 1st, and most foxes (85 %) were shot by local hunters along the inhabited coastline at 152 

baits, by tracking, or by using a caller. Field inspectors from the Norwegian Nature 153 

Inspectorate shot 15 % of foxes, most of which in the inner parts of the peninsula during 154 

March-April and rarely in May. Age was determined for a subset of harvested foxes (17 – 155 

100% of females per hunting season, see Appendix S1: Table S1 for details) by analysis of 156 

cementum annuli of one of the upper canines (Grue and Jensen 1979). We subsequently 157 

arranged data on all aged females shot during the primary (winter) hunting season into an 158 

age-at-harvest matrix. The resulting winter age-at-harvest matrix included a total of 879 159 

females shot during the period October- May in each season from 2004-2005 to 2023-2024. 160 

Foxes shot in the summer months (July-September) were not included in the age-at-harvest 161 

data due to inconsistent and biased aging; they were, however, accounted for during analysis 162 

(see description of data likelihoods under “IPM construction” below).  163 

 164 

 165 

 166 
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Harvested foxes – Reproduction 167 

We inferred pregnancy rates from placental scars for females > 1 year and harvested between 168 

July 1st and March 20th (n= 290). This period reflects the start of harvest after the 169 

reproductive season until the period in which we observed that the proportion of uteri with 170 

placental scars decreased at the onset of gestation (Englund 1970). Foxes harvested from 171 

April 10th until May 20th (n=121) were used to infer pregnancy rate from embryos. This 172 

period reflects the time during which we observed the highest pregnancy rate, which 173 

corresponded well with the pregnancy rate inferred from placental scars after the reproductive 174 

season. Litter sizes in utero were inferred from the number of placental scars or embryos. 175 

Sample sizes and proportions for reproductive data extracted per year are summarised in 176 

Appendix S1: Table S1. 177 

 178 

Harvested foxes – Genetic population assignment  179 

We obtained information on immigration by comparing the genotypes from foxes harvested 180 

on the Varanger Peninsula (505 samples from 2005-2015) to the gene pool of three possible 181 

immigrant source populations further west (Finnmarksvidda, 158 samples from 2008-2013; 182 

Nordkinn Peninsula, 28 samples from 2011) and south (South Varanger, 8 samples from 183 

2016, Figure 1). All samples were genotyped at 12 microsatellite loci (Ostrander et al. 1995, 184 

Moore et al. 2010). We then used genetic assignment tests in the program Geneclass (Piry et 185 

al. 2004) to identify likely first-generation immigrants among the genotyped foxes from the 186 

Varanger Peninsula. The results consisted of individual-level p-values for the hypothesis that 187 

a fox originated from the Varanger population given its likely genetic composition in the 188 

birth year of the respective fox. We used the recommended threshold of 0.05 to assign 189 

immigrant (1) and resident (0) status to individuals. For more information on collection, 190 

analysis, and processing of genetic data, see Appendix S2. 191 
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 192 

Opportunistic surveys – Pup counts on dens 193 

Numbers of live pups (= litter size upon emergence from the den) were counted 194 

opportunistically when red fox reproduction occurred in Arctic fox dens monitored by the 195 

Norwegian den monitoring programme (Ulvund et al. 2023, n=8), and when field inspectors 196 

removed red fox litters from dens (n=4). These observations were made during the months of 197 

June and July in eight different years and on a selection of five dens, one of which was 198 

located within the study area and four within a 160 km radius east of the study area (Figure 199 

1). 200 

 201 

Environment – Rodent abundance  202 

In addition to data on red foxes, our analyses included an environmental covariate 203 

representing the availability the most important food resource for red foxes on Varanger: 204 

small rodents (Killengreen et al. 2011). We obtained a proxy for small rodent abundance 205 

from snap trapping of lemmings and voles using the small quadrat method of Myllymäki et 206 

al. (1971). Snap trapping was conducted for 2 days in late June (spring) and 2 days in early 207 

September (autumn) in 49 sites within the study area and 48-60 sites located to the west of 208 

the study area (Figure 1, see Ims, Yoccoz, and Killengreen (2011) for more details). To 209 

capture spatial and temporal scales relevant to the different red fox vital rates, we created two 210 

different rodent covariates: 1) winter (average of autumn and subsequent spring trapping) 211 

rodent abundance within Varanger relevant for local demography and 2) autumn rodent 212 

abundance at a larger spatial scale (including the sites within – and west of Varanger) 213 

relevant for immigration (red fox dispersal is known to peak in autumn; Storm et al. 1976, 214 

Gosselink et al. 2007, Soulsbury et al. 2008). As there is no clear evidence in literature on red 215 

fox preference for either voles or lemmings (Barth et al. 2000, Elmhagen et al. 2002, Savory 216 
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et al. 2014), we considered both groups of species to be of equal importance and summed 217 

their abundances. However, to account for the much lower capture probability of lemmings 218 

compared to voles (Jensen et al. 1993), we additionally calculated our annual small rodent 219 

abundance covariates by first z-standardizing the two species groups separately, and 220 

subsequently summing them (see Appendix S6 for more details on background and 221 

procedure). 222 

 223 

IPM construction 224 

Age-structured population model 225 

Our IPM was developed based on a previously published IPM for harvested arctic foxes 226 

(Nater et al., 2021). The model’s core is a population model that considers female red foxes 227 

in five distinct age classes at an annual census in June that coincides with pup emergence 228 

from breeding dens (post-breeding census, Figure 2). Age class 1 corresponds to females < 1 229 

year of age and is made up of all locally recruited female pups of the year, and immigrants 230 

that enter the population between the current and next census. Age classes 2 to 4 correspond 231 

to females aged 1 to 3 years, while age class 5 encompasses all females that are 4 years old or 232 

older. The population projection matrix for the time interval 𝑡 to 𝑡 + 1 can be expressed as: 233 

[
 
 
 
 
 
(1 + 𝑖𝑚𝑚𝑅𝑡+1)𝑆1,𝑡F2,𝑡+1 𝑆2,𝑡F3,𝑡+1 𝑆3,𝑡F4,𝑡+1 𝑆4,𝑡F5,𝑡+1 𝑆5,𝑡F5,𝑡+1

(1 + 𝑖𝑚𝑚𝑅𝑡+1)𝑆1,𝑡 0 0 0 0

0 𝑆2,𝑡 0 0 0

0 0 𝑆3,𝑡 0 0

0 0 0 𝑆4,𝑡 𝑆5,𝑡 ]
 
 
 
 
 

  234 

Females in each age class 𝑎 survive from year 𝑡 to 𝑡 + 1 with a an annual survival probability  235 

𝑆𝑎,𝑡 (July to June). This can be decomposed further into age- and year-specific harvest 236 

(𝑚𝐻𝑎,𝑡) and natural (𝑚𝑂𝑎,𝑡) mortality hazard rates as: 𝑆𝑎,𝑡 = exp (−(𝑚𝐻𝑎,𝑡 + 𝑚𝑂𝑎,𝑡)) 237 

(Ergon et al. 2018). We assumed that harvest morality was different for juveniles and adults 238 

(𝑚𝐻1,𝑡 ≠ 𝑚𝐻2,𝑡 = 𝑚𝐻3,𝑡 = 𝑚𝐻4,𝑡 = 𝑚𝐻5,𝑡) while natural mortality differed for all age 239 
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classes. Conditional on survival, age 𝑎 females advance to the next age class (𝑎 + 1) and 240 

reproduce according to a composite rate F𝑎+1,𝑡+1 just prior to next year’s census (𝑡 + 1). 241 

Successful reproduction requires females to mate and get pregnant (probability Ψ𝑎,𝑡), 242 

conceive a litter with an expected size 𝜌𝑎,𝑡, and for the pups to survive from gestation to 243 

emergence from the den (= census, probability 𝑆0,𝑡), hence 244 

𝐹𝑎,𝑡 = 0.5Ψ𝑎,𝑡𝜌𝑎,𝑡𝑆0,𝑡 245 

The factor 0.5 is the assumed even sex ratio at emergence from the den and limits 𝐹𝑎,𝑡 to 246 

represent female pups only.  247 

Immigrating foxes are expected to enter the population in autumn/early winter in their first 248 

year of life (Jensen 1973, Storm et al. 1976). We therefore modelled immigration into age 249 

class 1 as taking place prior to the harvest period (i.e. all immigrants are available for harvest) 250 

and formulated it as a rate (𝑖𝑚𝑚𝑅𝑡) that expresses the ratio of immigrated age 1 individuals 251 

to locally recruited age 1 individuals. While modelling immigration as a rate as opposed to 252 

numbers may lead to estimation issues in some IPMs (Schaub and Fletcher 2015, Zipkin and 253 

Saunders 2018), this parameterization gave more precise estimates in our case and was more 254 

straightforward to link to our data on immigration (see below).  255 

We implemented the population model including demographic stochasticity (sensu Caswell, 256 

2001) to account for uncertainty resulting from chance individual outcomes in population 257 

processes. The resulting variables represent the realized numbers of age class 𝑎 females 258 

(𝑁𝑎,𝑡), age class 𝑎 breeders (𝐵𝑎,𝑡), female embryos carried by age class 𝑎 mothers (𝐿𝑎,𝑡), and 259 

female pups born to age 𝑎 mothers and recruited into the population (𝑅𝑎,𝑡, Figure 2).  See 260 

published code for the detailed implementation on this.  261 
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Figure 2. Schematic overview of the red fox annual cycle, timing of data collection, and the 

female-based age-structured population model. The round bubbles are the age- (index a, with A = 

index of oldest age class) and year- (index t) specific population-level metrics modelled by the 

IPM: N = population size in June, B = breeding population size, L = number of locally produced 

pups in utero, R = number of locally produced recruits (pups survived to emergence from the den), 

Imm = number of age class 1 immigrants. They are linked by the vital rates survival (S, where S1:A 

= annual survival and S0 = survival to emergence from den), pregnancy rate (Ψ), and litter size in 

utero (ρ). The shaded areas visualize the time-matching between the annual life cycle and the 

quantities in the population model. The dashed arrows show how the different parts of collected 

data are linked to model parameters. 
 262 

Data likelihoods 263 

The role of data likelihoods in IPMs is to link the different available datasets to the relevant 264 

parameters in the population model. Our red fox IPM contains five types of data likelihoods 265 

adding information on 1) harvest and population size, 2) pregnancy rate, 3) litter size in utero, 266 

4) denning survival, and 5) immigration rate.  267 

The first likelihood uses counts and age-structure from the harvested foxes arranged in an 268 

age-at-harvest matrix 𝐶𝑎,𝑡. Each cell in the matrix corresponds to the number of age 𝑎 269 

individuals harvested between the censuses of years 𝑡 and 𝑡 + 1, and these numbers are 270 

linked to true female population size (𝑁𝑎,𝑡) in June via 271 

𝐶𝑎,𝑡~𝐵𝑖𝑛𝑜𝑚𝑖𝑎𝑙(𝑁𝑎,𝑡, ℎ𝑎,𝑡𝑝𝑡) 272 
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The probability in the binomial likelihood is composed of an age- and year-specific harvest 273 

rate, ℎ𝑎,𝑡, and a yearly data proportion parameter, 𝑝𝑡. The former is the probability of a fox 274 

being harvested and is defined as  (1 − 𝑆𝑎,𝑡)
𝑚𝐻𝑎,𝑡

𝑚𝐻𝑎,𝑡+𝑚𝑂𝑎,𝑡
 , while the latter is the a priori 275 

known proportion of harvested foxes that have 1) been delivered for dissection and 2) been 276 

aged, and hence added to the age-at-harvest matrix, in a given year. All foxes harvested in 277 

summer were also accounted for via 𝑝𝑡 as we treated them as “not aged” due to known aging 278 

bias. An underlying assumption of this likelihood is that detection is perfect, i.e., we 279 

accurately know the number of foxes harvested each year. This assumption is reasonable as 280 

the red fox hunt on Varanger Peninsula not only has mandatory reporting but also offers 281 

monetary rewards for each fox delivered to the project.  282 

The second and third likelihoods link information on reproduction from necropsies of 283 

harvested females to age- and year-specific pregnancy rates (Ψ𝑎,𝑡) and litter sizes (𝜌𝑎,𝑡), 284 

respectively. Both likelihoods are based on observations of reproductive activity determined 285 

using placental scars and embryos present in uteri of harvested females as described in the 286 

“Data collection and processing” section. The proportion of harvested females of age 𝑎 287 

showing signs of reproductive activity in year 𝑡 among all harvested females of the same age 288 

and time period is determined by pregnancy rate and we expressed this as a Bernoulli 289 

likelihood for individual observations (𝑃2) of reproductively active (= 1) or not (=0):  290 

𝑃2𝑥~𝐵𝑒𝑟𝑛𝑜𝑢𝑙𝑙𝑖(Ψ𝑎𝑔𝑒𝑥,𝑦𝑒𝑎𝑟𝑥) 291 

Here, 𝑥 is the index for each individual observations and 𝑎𝑔𝑒𝑥 and 𝑦𝑒𝑎𝑟𝑥 represent the age 292 

and year of female 𝑥 in the year of the reproductive event. The likelihood involving litter size 293 

is set up in the same way, with the data (𝑃1) being the number of embryos detected for 294 

reproducing female 𝑥: 295 

𝑃1𝑥~𝑃𝑜𝑖𝑠𝑠𝑜𝑛(ρ𝑎𝑔𝑒𝑥,𝑦𝑒𝑎𝑟𝑥) 296 



15 
 

The fourth data likelihood feeds in information from opportunistic observations of number of 297 

live pups post emergence from dens. Pup counts on dens (𝑁𝑜𝑃𝑢𝑝𝑠𝑥, with 𝑥 = index of the 298 

observation) were treated as realizations of a Poisson distribution with an expected value 299 

equal to the estimated total number of pups of both sexes (𝑅 × 2) divided by the estimated 300 

total number of breeding females (𝐵) in the relevant year:  301 

𝑁𝑜𝑃𝑢𝑝𝑠𝑥~ 𝑃𝑜𝑖𝑠𝑠𝑜𝑛 (
𝑠𝑢𝑚(𝑅1:𝐴,𝑦𝑒𝑎𝑟𝑥) × 2

𝑠𝑢𝑚(𝐵1:𝐴,𝑦𝑒𝑎𝑟𝑥)
) 302 

𝑅𝑎,𝑡 and 𝐵𝑎,𝑡 are linked by both litter size in utero (𝜌𝑎,𝑡) and survival to emergence from the 303 

den (𝑆0,𝑡, Figure 2). Since the above likelihood for litter size in utero provides substantial 304 

information on 𝜌𝑎,𝑡, the likelihood for live pup counts on dens contributes information 305 

primarily towards denning survival 𝑆0,𝑡 (= the probability of pups surviving from conception 306 

to emergence from the den).   307 

The final data likelihood links information on immigration status derived from Geneclass 2 308 

analyses of genetic data to immigration rate. We tested out several different ways of 309 

formulating this data likelihood with regards to a) whether we used a priori determined 310 

immigration status using a p-value threshold or (rescaled) p-values directly and b) whether 311 

we pooled data across years to provide information on time-average immigration rate 312 

(𝜇𝑖𝑚𝑚𝑅) or analysed data on a year-by-year basis to provide information on yearly 313 

immigration rates (𝑖𝑚𝑚𝑅𝑡). In the remainder of the manuscript, we focus on a model 314 

employing a likelihood for a priori determined immigration status (p-value threshold of 0.05) 315 

pooled across years and thus estimating average immigration rate from the data:  316 

          𝑔𝑒𝑛𝑂𝑏𝑠𝐼𝑚𝑚 ~ 𝑃𝑜𝑖𝑠𝑠𝑜𝑛(𝑔𝑒𝑛𝑂𝑏𝑠𝑅𝑒𝑠𝜇
𝑖𝑚𝑚𝑅) 317 

Here,  𝑔𝑒𝑛𝑂𝑏𝑠𝐼𝑚𝑚 and 𝑔𝑒𝑛𝑂𝑏𝑠𝑅𝑒𝑠 are the total numbers of individuals that were determined 318 

to be first generation immigrants and locally recruited residents, respectively, relative to the 319 
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reference population in their year of birth. For details on the other tested versions of this 320 

likelihood and a comparison of models using different versions, see Appendix S2.  321 

 322 

Temporal variation in vital rates 323 

We modelled among-year variation in (age-specific) vital rates 𝑋𝑎,𝑡 using covariates, density 324 

feedbacks, direct compensation, and random effects according to the following general 325 

equation:  326 

𝑙𝑖𝑛𝑘(𝑋𝑎,𝑡) = 𝑙𝑖𝑛𝑘(𝜇𝑎
𝑋) + 𝛽𝑅

𝑋𝑟𝑜𝑑𝑒𝑛𝑡𝑡 + 𝛽𝐷
𝑋𝑑𝑒𝑛𝑠𝑖𝑡𝑦𝑡 + 𝛾𝑋ℎ𝑎𝑟𝑣𝑒𝑠𝑡𝐿𝑜𝑔𝐷𝑡 + 𝜖𝑡

𝑋 327 

Here, the intercept 𝜇𝑎
𝑋 represents the age-specific vital rate average; 𝛽𝑅

𝑋 and  𝛽𝐷
𝑋, are the 328 

slopes for the effects of rodent abundance (𝑟𝑜𝑑𝑒𝑛𝑡𝑡) and log local population density 329 

(𝑑𝑒𝑛𝑠𝑖𝑡𝑦𝑡), respectively; 𝛾𝑋 is the effect of harvest compensation that scales with the 330 

deviation of annual harvest mortality from the overall mean (ℎ𝑎𝑟𝑣𝑒𝑠𝑡𝐿𝑜𝑔𝐷𝑡 =331 

log (𝑚𝐻𝑎,𝑡) − log (𝜇𝑎
𝑚𝐻)).  𝜖𝑡

𝑋 are random year effects assumed to be normally distributed on 332 

the relevant link scale. We used a log-link for mortality hazard rates (𝑚𝐻𝑎,𝑡, 𝑚𝑂𝑎,𝑡), litter 333 

size in utero (𝜌𝑎,𝑡), and immigration rate (𝑖𝑚𝑚𝑅𝑡) and a logit-link for pregnancy rate (Ψ𝑎,𝑡). 334 

We included effects of local rodent abundance in winter in Varanger on natural mortality, 335 

litter size in utero, and pregnancy rate and of rodent abundance in fall across a larger region 336 

(Varanger, Nordkinn, and Ifjordfjellet) on immigration rate. Density feedback was included 337 

for immigration rate and natural mortality of the youngest age class. For natural mortality of 338 

all age classes, we additionally included a compensatory effect of harvest. We did not include 339 

covariates for harvest mortality as we did not have sufficient information on, for example, 340 

harvest effort. Temporal random effects, however, were included on all vital rates except 341 

denning survival, which we assumed to be the same in all years due to lack of data. Estimates 342 

of temporal variation vital rates were partially obtained directly from analysing specific data 343 
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sets (litter size in utero, pregnancy rate, harvest mortality) and partially informed by variation 344 

across the integrated data streams (natural mortality, immigration rate).   345 

 346 

Bayesian implementation 347 

We implemented our IPM in a Bayesian framework using the software package NIMBLE (de 348 

Valpine et al. 2017) for R (R Core Team 2022). We capitalized on NIMBLE’s functionality 349 

for definition-time if-else to write a user-friendly implementation that allows for easy 350 

adjustment of different model parameters and functions (see code for details). Our final 351 

model runs were based on four MCMC chains with 200,000 iterations each, using NIMBLE’s 352 

standard samplers. 75,000 iterations per chain were discarded as burn-in and the remainder 353 

thinned by a factor of twenty, resulting in a posterior of 4×6,250 = 25,000 samples.  354 

 355 

Prior information – Natural mortality 356 

Bayesian implementation of models offers the possibility of adding auxiliary information via 357 

priors. This was essential in our case study because we lacked observational data on natural 358 

mortality. We tested three different approaches for defining prior distributions: 1) using 359 

published values for another red fox population (Devenish-Nelson et al., 2013), 2) using a 360 

meta-analytic model (see Appendix S3) of survival estimates from multiple red fox 361 

populations collated in Devenish-Nelson et al. (2013), and 3) using the Hoening model 362 

developed by Porteus et al. (2018) to calculate natural mortality from maximum observed 363 

age. More information on the different approaches, a comparison of models employing them, 364 

and detailed conclusions thereof can be found in Appendix S3.  365 

For initializing age-specific population sizes in the first year of study, we used weakly 366 

informative discrete uniform priors with lower and upper bounds of 1 and 800 (youngest age 367 

class) / 400 (older age classes), respectively (this translated to a density of roughly 0.7 368 
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foxes/km2, which is well above expected densities based on estimates from forested areas in 369 

Norway that are expected to support higher densities than tundra habitats, Lindsø et al. 2022). 370 

For all other parameters, we used non-informative priors (see model code for details). 371 

 372 

Model assessment 373 

To assess the adequacy of our model, we investigated the consequences of our choice of a) 374 

likelihood for immigration data and b) informative priors as described above (see Appendices 375 

S2 & S3). The specific choice of likelihood for the genetic data determined estimates of 376 

immigration rate and degree of among-year variation therein but had very little effect on 377 

model outputs otherwise (Appendix S2). The choice of informative prior for natural mortality 378 

not only affected natural mortality itself, but also estimates of average denning survival, 379 

harvest mortality, and absolute (but not relative changes in) population size (Appendix S3). 380 

Directly “borrowing” survival estimates from two other red fox populations, North Sweden 381 

and Bristol, seemed to be a less suitable approach (as indicated by highly inflated estimates of 382 

among-year variation in natural mortality) than using estimates from either meta-analysis or 383 

the Hoening model. Based on these assessments we defined our main model with a likelihood 384 

for a priori determined immigration status (estimated from genetic data) with a p-value 385 

threshold of 0.05 and used natural mortality priors derived from a meta-analysis of red fox 386 

survival estimates collated in Devenish-Nelson et al. (2013).  387 

Additionally, we confirmed that there was no major lack of fit of our man model by checking 388 

posterior overlaps for parameters estimated by the IPM vs. estimated by independently fit 389 

models (Appendix S4, Gelman et al., 2013; Schaub & Kéry, 2021).  390 

 391 

 392 

 393 
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Demographic drivers of population dynamics 394 

Life Table Response Experiments (LTREs) are retrospective perturbation analyses that 395 

identify the relative contributions of demographic drivers to population changes that have 396 

occurred in the past (Caswell 2001). Koons et al. (2017) suggested transient LTREs (tLTREs) 397 

for analysing past changes in realized annual population growth rates as estimated in typical 398 

IPMs, and here we implemented both a random design and a fixed design tLTRE. The 399 

random design tLTRE quantifies the contributions of variation in vital rates to variation in 400 

annual population growth rate across the entire study period while the fixed design tLTRE 401 

allowed us to investigate how year-to-year changes in vital rates contributed to differences in 402 

annual population growth rates for each pair of years within the study period (growth rate for 403 

interval t-1 to t vs. t to t+1). Further details on the implementation of the tLTRE analyses, 404 

including the associated calculation of transient sensitivities, are provided in Appendix S5.  405 

 406 

Responses to management scenarios 407 

After using the tLTRE analyses to investigate the drivers of past population dynamics,  we 408 

coupled our IPM to a Population Viability Analysis (PVA, Morris & Doak, 2002) to explore 409 

the potential impacts of different management strategies on future population trajectories for 410 

red foxes on Varanger. In practice, this involved extending the time-coverage of our IPM to 411 

project the population for an additional ten years beyond data collection (until 2034) while 412 

simultaneously applying changes to vital rates during this additional time period (Schaub and 413 

Kéry 2021). We first focused primarily on the most relevant and realistic management action 414 

in the context of red foxes on Varanger: modification of harvest practices. Specifically, we 415 

ran scenarios in which harvest was completely removed, reduced by 50%, and increased by 416 

50-200% from 2024 onwards to explore the role of harvest for longer-term population 417 

dynamics. As populations that are driven by cyclical resource availability are likely 418 
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differently susceptible to management during different phases of the cycle (Bieber and Ruf 419 

2005, Henden et al. 2009b), we also explored whether increasing harvest was more effective 420 

in  years with either below or above average rodent abundance. Subsequently, we also 421 

investigated the buffering capacity of (compensatory) immigration by running scenarios with 422 

substantially less or no immigration, alone or in combination with increased harvest.    423 

For implementing the PVA, we had to make two types of adjustments for ensuring relatively 424 

realistic predictions. First, we accounted for autocorrelation / cyclic dynamics in rodent 425 

abundance by predicting future rodent abundance in Varanger using the following second-426 

order autoregressive model fit to the rodent covariate data:  427 

𝑅𝑜𝑑𝐴𝑡 = 𝛽1
𝑅𝐴 ∗ 𝑅𝑜𝑑𝐴𝑡−1 + 𝛽2

𝑅𝐴 ∗ 𝑅𝑜𝑑𝐴𝑡−2 + 𝛽3
𝑅𝐴 ∗ 𝑅𝑜𝑑𝐴𝑡−1 ∗ 𝑅𝑜𝑑𝐴𝑡−2 + 𝜖𝑡

𝑅𝐴 428 

Rodent abundance in the larger area surrounding Varanger was then estimated from 𝑅𝑜𝑑𝐴𝑡 429 

using a correlation model for rodent abundance within Varanger versus the larger area. 430 

Second, we constrained the number of immigrants per year to not exceed twice the maximum 431 

number estimated during the study period to avoid unrealistically high population size 432 

predictions and consequential haywire density feedbacks.  433 

 434 

Reproducible workflow setup 435 

We set up our entire coding workflow (Figure 3) as an openly accessible, semi-automated, 436 

and reproducible “R targets” pipeline (Landau 2021) that integrates directly with the COAT 437 

database, where much of our data is stored (see Open Research statement). Together with rich 438 

documentation for every step of the workflow, this ensures that our analysis can be 439 

reproduced and re-run with additional data later in a robust and efficient way.  440 
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Figure 3: Schematic representation of the different components and steps in the semi-automated 

“targets” workflow for the analysis of population dynamics of red foxes on the Varanger peninsula. 

The latest version of the pipeline, including documentation, can be found on GitHub: 

https://github.com/ChloeRN/VredfoxIPM. Nimble logo © 2014, Perry de Valpine, Christopher 

Paciorek, Daniel Turek, Clifford Anderson-Bergman, Duncan Temple Lang; source and license 

(BSD-3): https://github.com/nimble-dev/nimble. Targets hex logo © 2025 Eli Lilly and Company; 

source and license (MIT): https://github.com/ropensci/targets.   
 

  441 

RESULTS 442 

Vital rate variation, environmental effects, and compensatory mechanisms 443 

Numerical results in the following are given as median [95% credible interval] unless 444 

otherwise indicated. Survival probabilities were highest for the oldest foxes (0.593 [0.517, 445 

0.665]) and lowest for juveniles, including new immigrants (0.280 [0.170, 0.456], Figure 4). 446 

For juveniles and 3-year old foxes, natural mortality was the dominant factor determining 447 

survival: only ~17 [10, 27] % of juvenile and 30 [13, 59] % of 3-year old mortality was due 448 

to harvest on average, while the corresponding estimates for the other age classes ranged 449 

from 52 [24, 91] % to 57 [28, 90] %.  450 

Pregnancy rates increased with age from, on average, 0.468 [0.359, 0.576] for 1-year old 451 

females to 0.857 [0.764, 0.922] for females older than 4 years (Appendix S1: Figure S1). 452 

https://github.com/ChloeRN/VredfoxIPM
https://github.com/nimble-dev/nimble
https://github.com/ropensci/targets
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Older vixens also conceived more pups, with litters of 3-year-old females containing one 453 

(1.099 [0.379, 1.850) extra pup on average relative to litters of 1-year old first-time breeders. 454 

Denning survival of pups was estimated at 0.708 [0.512, 0.937] (Appendix S1: Figure S1).  455 

 456 

The model estimated an average immigration rate of ~ 1 immigrant per 10 locally born pups 457 

(0.107 [0.079, 0.140], Appendix S1: Figure S1) but immigration rate, and consequently the 458 

number of immigrants, varied substantially across years (Appendix S1: Figures S2 & S5). 459 

Among-year variation was also evident for the other vital rates (Appendix S1: Figure S2), for 460 

example, with clear peaks in pregnancy rate and fetus numbers in 2011 and 2023 and survival 461 

from 2011 to 2012 and 2015 to 2016, as well as exceptionally high harvest mortality in the 462 

hunting season 2019-2020 (Appendix S1: Figure S2).  463 

A part of among-year variation in vital rates could be attributed to variation in rodent 464 

abundance (Figures 6). We found evidence for lower natural mortality during and higher 465 

pregnancy rates and larger litters following winters with higher rodent abundance on 466 

Varanger peninsula (Figure 5). Model estimates also suggested a positive effect of autumn 467 

 
Figure 4. Scaled posterior distributions for age-specific average survival probabilities and mortality 

hazard rates. 
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rodent abundance at the larger spatial scale on immigration rate, although uncertainty was 468 

high (Figure 5).  469 

 
Figure 5. Predicted effects of z-standardized rodent abundance during winter on Varanger 

peninsula on natural mortality, pregnancy rate and  fetus number, and rodent abundance during 

autumn at the larger spatial scale on immigration rate. The solid line represents the posterior 

median while the ribbon marks the 95% credible interval.  

 470 

While the model was unable to estimate harvest compensation in natural mortality directly 471 

(𝛾𝑚𝑂= 0.004 [-1.262, 1.686]), it provided evidence for density-dependence in both natural 472 

mortality and immigration and suggested that higher population densities led to increased 473 

natural mortality of the youngest age class (𝛽𝐷
𝑚𝑂= 0.607 [0.091, 1.499]) and less immigration 474 

into the population (𝛽𝐷
𝑖𝑚𝑚𝑅= -2.181 [-6.095, 0.260], Appendix S1: Figure S3). 475 

 476 

Population dynamics during the study period 477 

While the average growth rate of the red fox population on Varanger was stable and more 478 

likely to be positive than negative during the study period (geometric mean = 1.043 [0.996, 479 

1.075], representing ~ 4% increase on average), there was large variation in annual 480 
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population growth rates among years, amounting to population peaks lagging one year behind 481 

cyclic peaks in rodent abundance in 2007-08, 2010-11, 2014-15, 2018-19, and 2022-23 482 

(Figure 6). Between 2016 and 2021, the population appeared to be declining and only had a 483 

weak numerical response to the rodent peak in 2018-2019, (Figure 6). However, this trend 484 

reversed with the latest rodent peak in 2022-23, resulting in a marked population increase in 485 

the latest years. The consequences of sharp population size fluctuations were visible in the 486 

population’s age structure, showing a high proportion of young (1-year old) breeders in years 487 

following population increase and vice-versa following decrease (Appendix S1: Figure S4). 488 

 489 

 
Figure 6. Number of female foxes harvested per year (top),estimated annual population sizes in 

June (middle), and observed rodent abundance per year (bottom). In the middle panel, the solid line 

represents the posterior median, the ribbon marks the 95% credible interval.  
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The results of the random design tLTRE indicated that the two factors that had contributed 490 

most to variation in population growth rate over the period 2005-2023 were fluctuations in 491 

natural mortality (especially of juveniles) and immigration rate (Figures 7 & Appendix S1: 492 

Figure S6). Harvest, reproduction, and population structure had contributed relatively little. 493 

 
Figure 7. Posterior distributions of the contributions of variation in different demographic rates and 

population structure to changes in population growth rate between 2005-2006 and 2022-2023 

(random design tLTRE). Violins visualize distributions, solid lines mark posterior medians. All 

components are summed across age classes (see Appendix S1: Figure S6 for a breakdown into age 

classes). Note that the contribution of denning mortality is 0 as this parameter was modelled as 

constant over time.  
 494 

The results from the fixed design tLTRE gave some more nuanced insights, revealing that it 495 

was predominantly during the drastic changes in population growth rate in the first two thirds 496 

of the study period, as well as for the two most recent years, that changes in natural mortality 497 

and immigration rate were the primary drivers (Figure 8). 498 

The relatively smaller changes in population growth rate during the period of population 499 

decline between 2015/2016 and 2021 were characterized by more balanced contributions, and 500 

changes in population structure and harvest mortality in particular seem to have been 501 

relatively more important in that period (Figure 8).  502 
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Figure 8. Posterior medians of the contributions of changes in different demographic rates and 

population structure to changes in population growth rate from one year to the next (fixed design 

tLTRE). The bar for year t above represents contributions to change from population growth rate 

for the interval t-1 to t to population growth rate for the interval t to t+1. Overall positive bars 

indicate increases in population growth rate over the relevant interval, while overall negative bars 

indicate decreases. All components are summed across age classes. Note that the contribution of 

denning mortality is 0 as this parameter was modelled as constant over time. 

 503 

Management scenarios 504 

Forecasting population dynamics for an additional 10 years beyond the study period (until 505 

2034) revealed that a fluctuating but overall stable future population trajectory is likely if all 506 

parameters including environmental drivers remain unchanged (Figure 9). Without 507 

harvesting, on the other hand, the population is likely to increase instead, although 508 

uncertainty around this prediction becomes high (Figure 9A). Increasing harvest mortality, 509 

even by as much as 200%, is unlikely to evoke population decline and instead results in the 510 

population stabilizing at slightly lower levels (Figure 9A). Simulations further indicated that 511 

the timing of harvest increases (years with high versus low rodent densities) did not affect 512 

population size projections substantially (Appendix S1: Figure S7B). Immigration functioned 513 

as a stabilizing mechanism, as indicated by rapid population decline in a scenario without 514 
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future immigration (Figure 9B). Models further suggested that moderate (50%) increases in 515 

harvest and decreases in immigration functioned best in tandem (Appendix S1: Figure S7A).  516 

A) 

 
B) 

 
Figure 9. Population estimates for the study period 2004-2024 and subsequent population forecasts 

until 2034 under different management scenarios for harvest (A) and immigration (B). Note that 

population size is plotted on the log scale. The baseline projection (grey) assumes unchanged 

parameters. “Stop” scenarios involved setting harvest mortality/immigration rate to 0 from 2024 

onwards. Remaining scenarios included percent decreases/increases in harvest mortality/immigration 

rate. Additional scenarios are shown in Appendix S1: Figure S7.  

 517 

DISCUSSION 518 

Successfully controlling and mitigating impacts of expanding mesopredator populations is an 519 

important and widespread challenge for wildlife management (Prugh et al. 2009). However, 520 
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assessing the effects of management interventions is often severely hampered by a lack of 521 

observational data for estimating mesopredator population sizes and vital rates. This limits 522 

our understanding of how control efforts (e.g. harvest), compensatory mechanisms, and 523 

environmental conditions affect population dynamics together (Henden et al. 2021). In this 524 

study, we capitalized on data integration and designed a IPM workflow to overcome these 525 

limitations. We showed the potential of this workflow in a case study where we jointly 526 

analysed harvest, genetic, and environmental data, opportunistic field observations, and prior 527 

knowledge from literature. This allowed us to quantify population size and vital rate variation 528 

of a tundra red fox population over a time-period of 20 years. Using a combination of 529 

retrospective and prospective analyses, we identified natural mortality and immigration rate 530 

as the primary drivers of short-term changes in past population dynamics and highlighted 531 

how the interplay of harvest, immigration, rodent, abundance, and density feedbacks is likely 532 

to stabilize population size across a range of future management scenarios. 533 

 534 

Reproductive output in a fluctuating environment 535 

We obtained estimates of average pregnancy rates and litter sizes in utero that increased with 536 

age of the mother (Appendix S1: Figure S1) and resembled equivalent estimates from other 537 

ecologically similar red fox populations (Englund 1980, Devenish-Nelson et al. 2013). 538 

Carnivore reproduction is closely tied to food availability (Fuller and Sievert 2001) and for 539 

tundra red foxes that means small rodent abundance in particular (Killengreen et al., 2011, 540 

Henden et al. 2009a). In accordance with this, we found substantially higher pregnancy rates 541 

and litter sizes following winters with high rodent abundance (Figure 5). The effects of 542 

rodent abundance constituted ~54 % and 45 % of among-year variation in pregnancy rate and 543 

litter size, respectively. The remaining variation was modelled as random, representing the 544 

joint effects of other potentially important factors such as alternative food sources (e.g. 545 
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reindeer carcasses, ptarmigan, marine subsidies; Killengreen et al. 2011), abiotic conditions 546 

(e.g. winter severity; Bartoń and Zalewski 2007), and density feedbacks (Heydon and 547 

Reynolds 2000). For the latter, we found some preliminary evidence as post-hoc parameter 548 

correlations suggested that breeding probability (but not litter size) may be density-dependent 549 

(Appendix S1: Table S2). Future applications should therefore investigate potential density 550 

feedback in reproductive parameters in addition to natural mortality and immigration. 551 

Another aspect worth investigating is to what degree environmental conditions may 552 

differentially affect younger and older foxes; here we used the same rodent and random 553 

effects on reproductive rates of foxes in all age classes, but age-specific sensitivity to 554 

resource constraints is not uncommon in carnivores (Rauset et al. 2015) and may also have 555 

played into our estimates of unexplained variation.   556 

 557 

Natural vs. harvest mortality 558 

Natural mortality hazard rate estimates were strongly dependent on prior information 559 

(Appendix S3). Nonetheless, priors for all age classes were updated noticeably, indicating 560 

that other data across the IPM did contribute some information on natural mortality 561 

(Appendix S4: Figure S1). Juvenile natural mortality was high compared to that of other age 562 

classes (Figure 4) which, in addition to low reproductive rates of yearlings (Appendix S1: 563 

Figure S1), suggests a challenging first year of life in our study area. This is common in 564 

many mammalian species (Sibly et al. 1997) and in foxes can be related to inexperience, 565 

fitness costs of dispersal, and poorer body condition (Gosselink et al. 2007, Soulsbury et al. 566 

2008). Natural mortality decreased with age as expected, with the exception of 3-year-olds 567 

whose estimate was more uncertain due to a lower sample size of harvested individuals (n = 568 

59) compared to other age classes (n = 105 - 408). 569 
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Peaks in natural mortality during 2008, 2013, 2017 and 2020 (Appendix S1: Figure S2), and 570 

the all-time lows in 2010 and 2022 were clearly associated with small rodent abundance and 571 

local population densities (Figures 6 & Appendix S1: Figure S8), despite covariate effects 572 

being rather uncertain (Figures 5 & Appendix S1: Figure S3). As with reproduction, the 573 

model estimated a substantial portion of time variation as random, and part of this may be 574 

explained by alternative food sources that we did not model. Indeed, reindeer carcasses are 575 

known to be important in the inland parts of our study area when small rodents are scarce, 576 

while marine-derived subsidies are used along the coastline (Killengreen et al. 2011). Future 577 

studies that aim to disentangle the drivers of variation in natural mortality will therefore 578 

likely benefit from considering the importance of  alternative food resources and known 579 

spatial heterogeneity therein (Killengreen et al. 2011, Chevallier et al. 2020). 580 

Unlike for natural mortality, we found no evidence for higher harvest mortality hazard rates 581 

of juveniles as opposed to older foxes (Figure 4). This was somewhat surprising, as curiosity, 582 

naivety, and/or restricted access to food resources was expected to make juveniles more 583 

susceptible to harvest (Storm et al. 1976, Baker et al. 2001). Nonetheless, age-independent 584 

harvest mortality was also found in arctic foxes (Nater et al. 2021), and relatively low 585 

juvenile harvest mortality is common across a large number of terrestrial vertebrate species 586 

(Hill et al. 2019). Harvest mortality was relatively constant during the study period except for 587 

high estimates in the 2019-2020 winter season (Appendix S1: Figure S2). While we may 588 

speculate that this was linked to exceptionally high effort in 2019-2020, we did not have 589 

sufficient data on harvest effort to test this explicitly. Quantitative data on active hunter 590 

numbers and their time spent hunting are now being routinely collected, however, and we 591 

expect that these data will be able to help estimate and interpret observed variation in harvest 592 

mortality in the near future (Soininen et al. 2016). 593 
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Better data for quantifying time variation in harvest mortality may also improve our model’s 594 

ability to pick up on compensatory mechanisms beyond density-dependence. While we did 595 

find higher natural mortality in years that started out with higher population densities, our 596 

current IPM failed to provide any evidence of natural mortality directly compensating for 597 

concurrent harvest mortality (Appendix S1: Figure S3) by means of other mechanisms such 598 

as survivorship bias and spatial or social redistribution (Péron 2013). While this may be at 599 

least partially attributed to the relatively constant harvest mortality in our study population, 600 

obtaining robust estimates of the degrees of compensatory/depensatory cause-specific 601 

mortalities is notoriously difficult and typically requires large amounts of high quality data on 602 

individual survival (e.g. Sandercock et al. 2011, Nater et al. 2020, Riecke et al. 2022). It is 603 

therefore not surprising that we did not obtain insightful estimates in our present analyses 604 

given that we lack long-term individual-based data on survival and cause-specific mortality 605 

for red foxes on Varanger peninsula. 606 

 607 

Pulsed immigration in a sink population 608 

Immigration from source populations into harvested sink populations is a much discussed 609 

mesopredator management issue (Beasley et al. 2013, Lieury et al. 2015, Kierepka et al. 610 

2017). Our estimate of 1 immigrant per 10 locally born pups confirms previous speculation 611 

that substantial red fox immigration occurs even when control efforts are applied at a large 612 

regional scale (Heydon and Reynolds 2000, Norén et al. 2017). While our average estimate of 613 

~10% immigrants among recruits (age class 1) is relatively low compared to a ~26 % average 614 

reported for mammals (Millon et al. 2019), we have to recall that the location of our study 615 

area on a peninsula likely limits immigration somewhat. Nonetheless and despite the 616 

relatively low average, immigration rates varied considerably across years. In low 617 

immigration years less than 3% of the new cohort originated from outside the study area. 618 
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Meanwhile, up to one third of recruits were immigrants in other years (Appendix S1: Figure 619 

S2). Even though uncertainty was high, several immigration peaks coincided with high rodent 620 

abundance (Figures 5 & Appendix S1: Figure S5). This supports the notion that dispersal is a 621 

key strategy to cope with temporal resource variation (Holt 2008), and similar immigrant 622 

pulses following small rodent peaks have previously been described in Arctic foxes (Norén et 623 

al. 2011). Our additional finding that higher population densities were associated with 624 

decreased immigration further underscores that relative environmental carrying capacity 625 

plays an important role in determining immigration rates. However,  uncertainty in the 626 

estimates and the tendency of immigration to absorb unaccounted-for variation in IPMs 627 

(Paquet et al. 2021) limit our ability to draw firm conclusions on the drivers of variation in 628 

immigration rate in our study population. 629 

In the vast majority of IPMs built and implemented to date, both immigration and time 630 

variation therein are estimated as “free parameters” without explicit data (Schaub and Kéry 631 

2021). Here, we partially overcame the drawbacks of this (Paquet et al. 2021) by developing 632 

one of the first IPMs that anchors the estimate of average immigration rate using genetic data. 633 

Immigration rate estimates were sensitive to a range of assumptions made both by the a priori 634 

population assignment analysis and the implementation of the likelihood for the genetic data 635 

itself (Appendix S2), but much of this could be accounted for by extending data integration to 636 

include the genetic assignment analysis in the IPM. 637 

 638 

Drivers of population dynamics 639 

Annual population size estimates fluctuated greatly over the duration of the study, reaching up 640 

to 4 times as many foxes in peak years relative to low years (Figure 6). During peak years, the 641 

population’s age structure was characterised by a high proportion of young foxes in general 642 

and young breeders in particular (Appendix S1: Figure S4), suggesting a key role of 643 
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reproductive output, survival of young, and possibly immigration for population increase. The 644 

results from our tLTRE analyses confirmed this, identifying changes in natural mortality of 645 

the youngest age class, immigration, and – to a lesser degree – pregnancy rates of 1- and 2-646 

year-olds as the key drivers of changes in population growth rate over the course of the study 647 

period (Figures 4 & Appendix S1: Figure S6). Furthermore, years of population increase 648 

followed small rodent abundance peaks (Figure 6), adding to the body of evidence for delayed 649 

numerical responses of red fox populations to small rodent abundance (Chirkova 1953, Kolb 650 

and Hewson 1980, Lindström 1989, O’Mahony et al. 1999, Sidorovich et al. 2006, Henden et 651 

al. 2009a). The rodent abundance peak during 2018-2019 was not followed by a marked 652 

increase in red fox population abundance, and this was attributed to a substantial increase in 653 

harvest mortality in 2018 and 2019 (Figure 8). This suggest that sufficiently high harvest may 654 

be able to prevent temporary population growth prompted by high resource availability. 655 

 656 

Potential impact of harvest changes 657 

Given the large harvesting effort undertaken in our study area, it may seem surprising at first 658 

glance that the tLTRE analyses showed relatively low contributions of harvest mortality 659 

overall (Figure 7). However, tLTRE analyses focus on the contribution of  realized past 660 

changes in vital rates (Koons et al. 2016, 2017), and as harvest mortality has changed little 661 

relative to other vital rates over the course of our study period (Appendix S1: Figure S2), this 662 

limits the degree to which tLTRE analyses can give insights into the role of harvest for 663 

population control on time scales beyond year-to-year transitions. PVAs, on the other hand, 664 

allowed us to investigate the effect of the absolute level of harvest on population trajectories 665 

across multiple years. Simulations predicted a stable population trajectory if all parameters 666 

remain unchanged but suggested that increase is more likely in absence of harvest (Figure 667 

9A). Though uncertainty is high, current harvest levels thus appear to limit longer-term 668 
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population growth. Further increases in harvest even up to triple of today’s levels, on the 669 

contrary, were predicted to have rather limited effects on long-term population trajectories 670 

(Figure 9A). This is due to density-dependent mechanisms that mitigate increased harvest 671 

pressures and stabilise the population size through lower natural mortality and increased 672 

immigration. Indeed, rapid population decline in the absence of immigration (Figure 9B) 673 

highlights the potential of immigration to function as an important stabilising mechanism in 674 

our study population. This aligns with other studies that outline compensation of harvest by 675 

immigration as a key challenge for mesopredator management (e.g., Newsome et al. 2015, 676 

Lieury et al. 2015, Minnie et al. 2016, 2018, Kierepka et al. 2017, Porteus et al. 2019). One 677 

common piece of advice given in such situations is that control efforts should be conducted at 678 

large spatial scales (Conner and Morris 2015), yet we show that immigration poses a 679 

challenge even when intervention is conducted in an area spanning more than 6000 km2.  680 

That said, our study area is located on a partially isolated peninsula and this may provide 681 

possibilities for interventions that limit immigration, such as targeted harvest along the 682 

immigration corridor and timed to coincide with the period when most migrant foxes are on 683 

the move. Working towards a better understanding of the movement ecology of both the 684 

source and sink populations is thus paramount for developing more efficient management 685 

strategies for red foxes on Varanger peninsula. 686 

It is important to note that our PVAs here only consider the effect of management 687 

interventions on the red fox population itself. They make no predictions as to whether and 688 

how red fox management has any of the intended indirect effects on the endangered species 689 

they aim to conserve (arctic foxes and ground-nesting birds). For instance, while increased 690 

harvest mortality may have a limited effect on red fox population size in the long term, 691 

temporary reductions in population size may still benefit prey species or competitors at times 692 

when they are most vulnerable, such as during their respective breeding (Henden et al. 2010, 693 
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Kämmerle et al. 2019, Wilkinson et al. 2024). Future work should therefore focus on a multi-694 

species perspective (Mellard et al. 2022) and integrated community models (Zipkin et al. 695 

2023), for example,  constitute a promising approach given our initial work on red foxes here 696 

and the ecosystem-level monitoring conducted on the Varanger peninsula (Climate-697 

ecological Observatory for Arctic Tundra, COAT, Ims et al., 2013). 698 

 699 

IPM workflows as promising management tools 700 

IPMs can be invaluable tools for quantitative population assessments in applied contexts, yet 701 

many are of limited use beyond their initial implementation because associated workflows are 702 

incompletely published, sparsely documented, and not set up for re-use. This stands in stark 703 

contrast to the facts that i) reproducibility of analytical workflows is key for successful 704 

adaptive management (Dietze et al. 2018, Nichols et al. 2019) and ii) openness, accessibility, 705 

and transparency of not just research results but entire workflows is essential for productive 706 

and equitable stakeholder inclusion in applied ecology and wildlife management (Powers and 707 

Hampton 2019). To address these challenges, we have made our entire workflow available as 708 

a semi-automated, accessible, reproducible, and well documented “targets” pipeline (Landau 709 

2021). By doing so, we enable for analyses to be re-run in a swift and cost-efficient manner 710 

once new data become available, and set the stage for co-creation in further development of 711 

models, predictions, and management strategies. This paves the way not only for refining the 712 

biological aspects of the analysis (e.g. spatial representation, multi-species perspective) but 713 

also for better representation of the human dimension, such as how hunting regulations 714 

translate into harvest mortality (Eriksen et al. 2018) and how additional actions targeted at 715 

human subsidies (Killengreen et al. 2011, Jahren et al. 2020) might augment control through 716 

hunting. In addition, our workflow-approach also has the potential to greatly enhance 717 

transferability of our modelling framework to other populations and species; even if all IPMs 718 
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are – to some degree – tailored to their respective study systems, their workflows are often 719 

comprised of the same steps (Figure 3). By emphasizing workflow architecture and providing 720 

generalisable code and functions whenever possible, we hope to facilitate others’ efforts to 721 

build IPM workflows for their study species.  722 

 723 

Conclusions 724 

There is an urgent need for evidence-based management of mesopredators and quantitative 725 

assessments of control efforts (Doherty and Ritchie 2017, Lennox et al. 2018, Kämmerle et 726 

al. 2019) and here we have designed a reproducible IPM workflow that provides relevant 727 

insights using data that is readily available for many species of management concern: 728 

demographic data from harvested animals, sparse opportunistic surveys, and prior knowledge 729 

extracted from literature. In addition, ours is one of the first IPMs using genetic data. As 730 

genetic monitoring is becoming increasingly attractive as an addition to or even replacement 731 

of traditional monitoring approaches (Schwartz et al. 2007), this study can serve as a starting 732 

point for developing the next generation of IPMs, which are certain to include more 733 

sophisticated integration of genetic monitoring data via sub-models for genetic mark-734 

recapture (Lukacs and Burnham 2005), close-kin mark-recapture (Bravington et al. 2016), 735 

estimation of (effective) population size and migration rates (Lowe and Allendorf 2010), and 736 

more. 737 
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