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Abstract 19 

Urban densification reshapes biodiversity, yet its effects on ecological networks across trophic 20 

levels remain unclear. Using a metaweb approach, we reconstructed bipartite, multitrophic, and 21 

combined food webs across 60 urban green spaces along gradients of urban densification and 22 

vegetation complexity. Densification reduced taxonomic and interaction richness, promoted 23 

interaction generalization, and homogenized networks. Its effects depended on network type, 24 

altering connectance, nestedness, and modularity differently in bipartite and multitrophic networks 25 

while increasing dependencies among trophic layers, ultimately reducing the robustness of 26 

combined food webs. Higher plant richness partly mitigated these effects by promoting interaction 27 

diversity, trophic specialization, and robustness, although responses varied across network types. 28 

Non-native plants also induced network-specific shifts, favoring highly connected consumers in 29 

bipartite networks while leaving overall structure largely unchanged. Our results show that urban 30 

density and vegetation composition jointly restructure ecological networks in a network-type-31 

dependent manner, and that single-guild perspectives may misrepresent ecosystem-level responses 32 

in cities.  33 



Introduction 34 

Cities now house nearly 60% of the global population and represent some of the fastest-growing 35 

ecosystems on Earth (Rivkin et al. 2019, United Nations 2022). Urban growth is an extreme form 36 

of habitat conversion with profound impacts on biodiversity and ecosystem functioning (Grimm et 37 

al. 2008, Simkin et al. 2022). To limit sprawl, urban densification—concentrating populations and 38 

impervious surfaces within existing areas—has been promoted as a strategy to protect valuable 39 

peri-urban areas (Sushinsky et al. 2013, Concepción et al. 2016, Savary et al. 2026). Yet, while 40 

densification may reduce the loss and degradation of peri-urban areas, it often comes at the expense 41 

of urban green spaces, undermining biodiversity, ecosystem services, and human well-being 42 

(Haaland and van den Bosch 2015, Lin et al. 2015, Bille et al. 2023). Should densification continue 43 

to be favored, it remains unclear whether improved habitat quality through various greening 44 

strategies (e.g., increased vegetation complexity) can offset the ecological costs of compact urban 45 

growth (Beninde et al. 2015, Wenzel et al. 2020).  46 

Urbanization (both sprawl and densification) is commonly assessed via its effects on species 47 

richness and composition (Knapp et al. 2021). However, these metrics overlook how species are 48 

embedded within complex multitrophic interaction networks, including plant–pollinator, plant–49 

herbivore, and predator–prey systems that govern ecosystem processes, energy flows, population 50 

dynamics, and ecosystem stability (Johnson et al. 2014, Keyes et al. 2021). By filtering out 51 

specialists and favoring generalists, urbanization can restructure ecological networks, producing 52 

smaller but more densely connected structures (Banaszak-Cibicka and Żmihorski 2012, Start et al. 53 

2019, da Cunha-Silva et al. 2025).  These changes can alter emergent properties such as nestedness, 54 

reflecting specialization, and modularity, reflecting compartmentalization, with consequences for 55 

robustness to cascading extinctions (Banaszak-Cibicka and Żmihorski 2012, Start et al. 2019, da 56 



Cunha-Silva et al. 2025). Yet, urban landscapes offer opportunities for intervention, as greening 57 

strategies that modify habitat design and management, as well as resource amount and quality, can 58 

mitigate biodiversity loss and strengthen ecological interactions (i.e., intermediate landscape-59 

complexity hypothesis; Tscharntke et al. 2012). By enhancing plant diversity, structural 60 

complexity, and native species representation, urban greening strategies can directly support 61 

primary consumers (Zaninotto et al. 2023, Schmack and Egerer 2023), while providing indirect 62 

(although sometimes weaker) benefits to higher trophic levels through increased prey (Burks and 63 

Philpott 2017, Ning et al. 2025). Likewise, reducing disturbance and increasing stewardship, often 64 

expressed through increased time allocated to management (Bennett et al. 2018), can further benefit 65 

multiple trophic levels and reinforce ecological network resilience (Harrison and Winfree 2015, 66 

Proske et al. 2022). 67 

Although these findings are encouraging, most studies focus on a single interaction type (e.g.,  68 

plant–pollinator networks), without consideration for cascading effects across trophic levels 69 

(Moreno-García et al. 2025). Yet, evidence of predatory (e.g., Philpott et al. 2020), parasite (e.g., 70 

Start et al. 2019), and, more recently, multitrophic networks (e.g., Perrelet et al. 2025, Straka et al. 71 

2025) report divergent responses to urban densification and greening interventions. Such 72 

discrepancies likely arise because urbanization and vegetation complexity filter species differently 73 

across trophic levels, reshaping species composition, interactions, and ultimately network structure 74 

(Rocha and Fellowes 2018, Theodorou 2022). For example, bees and their natural enemies respond 75 

differently to urban densification, producing contrasting changes in prey and predator communities 76 

(Martínez-Núñez et al. 2024), while connectance (i.e., the proportion of realized interactions) may 77 

increase in bipartite networks through the persistence of generalists but decline in multitrophic food 78 

webs following the loss of highly connected predators (Start et al. 2019, Perrelet et al. 2025). 79 

Consequently, focusing on a single interaction type may overlook how urban densification and 80 



greening strategies reshape different trophic levels and energy flows between them, potentially 81 

ignoring cascading synergistic or antagonistic effects across networks and risking incomplete or 82 

conflicting management recommendations (Welti and Joern 2015, Pilosof et al. 2017, O’Connor et 83 

al. 2026).  84 

Urban ecological networks are rarely studied beyond plant–primary consumer interactions, largely 85 

because consumer–consumer links (e.g., predator–prey) are difficult to observe, especially in urban 86 

areas where private property can limited site access (Gelmi-Candusso et al. 2023). However, recent 87 

advances in metaweb frameworks, which delineate regional interaction pools and infer local 88 

networks through species co-occurrences (Dunne 2006), along with large-scale species interaction 89 

databases (e.g., Reji Chacko et al. 2025b) now enable the reconstruction of potential ecological 90 

networks across multiple interaction types (Ho et al. 2022, Reji Chacko et al. 2025a, Adhurya and 91 

Park 2025). Here, we apply a metaweb approach to 60 urban sites across gradients of urban 92 

densification and vegetation complexity, focusing on bipartite (plant–consumer) and multitrophic 93 

(consumer–consumer) networks, as well as their combination. We hypothesize that (1) urban 94 

densification will reduce network size and favor generalists, yielding smaller, more connected 95 

networks; (2) responses of bipartite and multitrophic networks will differ due to contrasting 96 

sensitivities of primary consumers relative to predators, and (3) urban greening strategies will help 97 

mitigate these effects, with stronger benefits expected in bipartite networks due to the closer 98 

association of primary consumers with vegetation. By resolving networks across trophic layers, we 99 

aim to identify dependencies among layers and assess how local greening can mitigate 100 

urbanization-driven changes in network structure.  101 



Methods 102 

Site selection  103 

This study was conducted in Zurich, Switzerland’s largest city (92 km2, ~450,000 inhabitants), 104 

using data from Ruile et al. (2026). Zurich is well suited to study urban densification, as rapid 105 

population growth exceeds most Western European agglomerations (United Nations 2018), while 106 

policies explicitly promote densification to limit sprawl (Stadt Zürich 2019). Despite high 107 

impervious cover, ~35 km2 of heterogeneous green space remain, including parks, ruderal sites, 108 

and private or real estate-managed gardens. 109 

To capture broad variation in invertebrate communities while minimizing habitat-type bias, we 110 

selected 60 sites spanning five urban green space types: parks, allotments, private gardens, 111 

residential estate gardens, and ruderal sites (12 per type, with one private garden later excluded due 112 

to lost access). Following a space-for-time substitution approach, sites were selected to span two 113 

largely orthogonal gradients: urban densification and vegetation structural diversity, ensuring wide 114 

environmental coverage across the study area. Urban densification was measured as the proportion 115 

of impervious surface within a 500 m radius, and vegetation complexity was quantified based on 116 

lawn cover and the number of habitat types present (e.g., meadow, shrubland, trees, flower beds, 117 

vegetable beds, wetland). Further details on site selection are provided in Casanelles-Abella et al. 118 

(2026). 119 



Figure 1: Site locations and local food web inference. Left: Sampling locations (black dots) with 120 

schematic transects (dashed lines) and observed communities at each site. Middle: Regional 121 

metaweb used for local network inference (visualized at the order level, except Myriapoda; Reji 122 

Chacko et al. 2025b). Circle size reflects the number of genera, color indicates trophic composition 123 

(primary consumers, omnivores, strict predators), and line thickness represents interaction counts 124 

between groups. Right: Inferred local networks at a site, including bipartite (plant–consumer), 125 

multitrophic (consumer–consumer), and “combined” networks, derived from species co-126 

occurrence (left) and the regional metaweb (middle). 127 

 128 

 Species data collection 129 

In 2024, invertebrates were sampled along transects at each site on three occasions between April 130 

and August under favorable conditions (temperature >15 °C, wind <13 kmh-1; Grange et al. 2021). 131 

The number of transects scaled with habitat heterogeneity, but total sampled area was fixed at 100 132 

m2 per site to standardize effort. Transects encompassed all vegetation up to 2 m in height, 133 

including overhanging branches. In allotments, transects covered the entire area; in private gardens, 134 

100 m2 was divided equally into central and peripheral transects; in ruderal sites, transects were 135 

placed randomly; and in parks and residential estate areas, transects were allocated proportionally 136 



according to mapped habitat areas, excluding habitats covering <5% of the site (Casanelles-Abella 137 

et al. 2026).  138 

Flowering plants were identified along transects, and insects landing on the reproductive parts of 139 

the flowers were collected with hand nets, recording each visit as a plant–pollinator interaction. 140 

Survey speed was adjusted to flower complexity to maintain comparable observation effort per 141 

flower. Specimens were stored in –20 ℃, individually pinned and sent to experts for taxonomic 142 

identification. To sample herbivores, detritivores, and predators, transects were subdivided into 5 143 

m2 subplots, and invertebrates were collected from all strata (leaves, stems, ground) of the most 144 

dominant plant within each subplot, based on coverage. Collection was performed by vacuuming 145 

the vegetation, and all specimens were preserved in 97% ethanol. For these groups, taxonomic 146 

identification used DNA metabarcoding, with DNA extraction, amplification, library preparation, 147 

and sequencing performed by AllGenetics & Biology SL (A Coruña, Spain). Reads were quality-148 

filtered, merged, dereplicated, and clustered into OTUs, which were filtered to remove low-149 

abundance reads (<0.5% of total sample reads), those containing ambiguous nucleotides or 150 

chimera, and those detected in positive or negative controls. OTUs were rarefied to the 15th 151 

percentile of reads per sample to mitigate sequencing bias. Taxonomic assignment was performed 152 

using BLAST against the NCBI nucleotide database, with identity thresholds of 90% for family 153 

and 95% for genus levels, retaining matches with >90% query coverage and the lowest E-value. 154 

Further details are provided in Ruile et al. (2026). Species-level assignments were not retained to 155 

ensure compatibility with the metaweb framework (see Local food web inferences).  156 

Environmental predictors 157 

We evaluated the influence of urban densification (hereafter “urbanization” for simplicity) and five 158 

urban greening strategies (changes in plant richness, % non-native species, % woody species, 159 



disturbance intensity, and time investment), on ecological networks. Urbanization was quantified 160 

as the proportion of impervious surface within a 1,000 m buffer around each site, derived from a 161 

10 m-resolution habitat map of Switzerland (Price et al. 2024). Human population density within 162 

the same buffer was also extracted but excluded due to strong collinearity with impervious surface 163 

(Pearson r = 0.81). The 1,000 m buffer was chosen due to its stronger influence on arthropod 164 

richness than smaller spatial scales (Chatelain et al. 2023), although sensitivity analyses using 150 165 

and 500 m buffers produced qualitatively similar results (Figs. S2–4) .  166 

Urban greening strategies were measured at the site level to reflect design and management 167 

decisions available to gardeners and practitioners. Design variables included plant richness, the 168 

proportion of non-native species, and the proportion of woody species. Plant richness was 169 

measured as the number of plants per transect. Non-native species were defined as species that do 170 

not occur naturally in Switzerland based on national checklists (Federal Office for the Environment 171 

2022), and woody species were defined as shrubs and trees, excluding herbs and lianas. Because 172 

transects were dominated by herbaceous vegetation, structural complexity was highly collinear 173 

with woody cover in preliminary analyses and was therefore excluded in favor of the latter for 174 

interpretability.  Management behavior was assessed  using a questionnaire adapted from 175 

previously validated research (Tresch et al. 2019) and described in Ruile et al. (2026b). 176 

Questionnaires were completed by individuals responsible for decisions regarding planting and 177 

management of the respective green space and were used to quantified three dimensions of 178 

management: disturbance intensity, based on the frequency of high-intensity interventions such as 179 

mowing; time investment, used as a proxy for ecological stewardship (Bennett et al. 2018); and 180 

biodiversity-friendly practices (e.g., reduced pesticide use). Because time investment and 181 

biodiversity-friendly practices were strongly correlated, only time investment was retained. Other 182 

correlations among environmental variables (hereafter “covariates”) were generally low to 183 



moderate (r ≈ 0.3–0.4), except for a stronger correlation between time investment and disturbance 184 

intensity (r = 0.68; Fig S1). Together, these variables captured environmental variation across urban 185 

green space types (allotments, private and residential estate gardens, parks, and ruderal sites). We 186 

therefore used continuous predictors instead of categorical site types, as they better reflect 187 

underlying environmental gradients. 188 

Local food web inferences 189 

Local food webs were inferred using a metaweb approach, which aggregates documented 190 

interactions among taxa within a predefined region (Dunne 2006). We used a Swiss national 191 

metaweb encompassing plant–pollinator, herbivore–plant, and predator–prey interactions, 192 

compiled from empirical observations, and primary and grey literature (Reji Chacko et al. 2025b), 193 

and supplemented it with additional published interactions to address underrepresented urban 194 

pollination links (Reji Chacko et al. 2026). The metaweb was resolved primarily at the genus level, 195 

retaining family-level information only when genus-level data were unavailable. This resolution 196 

accommodates less-documented taxa (e.g., soil fauna) and accounts for diet shifts (typically 197 

occurring among closely related species; Pearse and Altermatt 2013), while remaining sufficient 198 

to capture variation in network structure along environmental gradients (Thompson and Townsend 199 

2000, Potapov et al. 2019). 200 

Local networks were constructed by subsetting the metaweb based on co-occurring taxa at each 201 

site, following the assumption that documented interactions may occur locally (Morales-Castilla et 202 

al. 2015). Although this assumes fixed feeding behavior, metaweb approaches are increasingly 203 

used to overcome practical constraints in sampling interactions (e.g., Ho et al. 2022, Reji Chacko 204 

et al. 2025a), particularly in urban systems where access to private land is limited (e.g., Perrelet et 205 

al. 2025). By standardizing potential biases across sites and network types, this framework enables 206 



comparative analyses along environmental gradients, provided that interpretations focus on relative 207 

changes along gradients rather than absolute network metrics (Pellissier et al. 2018). While 208 

metawebs have been criticized at broad spatial or temporal scales (Brimacombe et al. 2024), 209 

temporally explicit co-occurrence within sites provides a biologically plausible basis for potential 210 

interactions. 211 

We validated the metaweb by comparing predicted plant–pollinator interactions with field 212 

observations (see Species data collection). Of the 2,763 observed interactions, 2,428 (87.9%) were 213 

correctly inferred by the metaweb, whereas 335 (12.1%) were not predicted; an additional 6,584 214 

inferred interactions were not observed in the field (Fig. S5). Unpredicted observed interactions 215 

were incorporated into subsequent analyses. Given that interactions accumulate more slowly than 216 

species with sampling effort, these values are plausible. Moreover, network metrics derived from 217 

observed and inferred networks (e.g., connectance, modularity, robustness; see Network-level 218 

analysis) were significantly correlated (r = 0.3–0.8; Fig. S6) and showed largely similar 219 

relationships with environmental factors, although some effects were only significant in observed 220 

or inferred networks (Fig. S7). Together, these results support the metaweb approach, which helps 221 

mitigate undersampling while enabling inference of difficult-to-observe interactions (e.g., 222 

predator–prey). Nonetheless, we stress that all analyses are based on potential rather than realized 223 

interactions, and only a subset may occur at each site. 224 

We distinguished three network types: bipartite networks (plants and detritus interacting with 225 

primary consumers), multitrophic networks (interactions among consumers), and combined 226 

networks incorporating both (Fig. 1). This classification allowed us to (i) evaluate whether 227 

commonly studied networks, such as plant–pollinator networks, exhibit similar dynamics to more 228 

complex trophic systems, (ii) assess dependencies across interaction types, and (iii) distinguish 229 

networks directly influenced by urban greening strategies from those affected indirectly. 230 



Interactions were assigned by resource type: links involving plants or detritus were classified as 231 

bipartite, whereas links among animal taxa were classified as multitrophic. Based on the metaweb, 232 

consumers were categorized into three trophic groups as primary consumers (feeding exclusively 233 

on plants or detritus), predators (feeding exclusively on consumers), and omnivores (feeding on 234 

both, including across life stages). Accordingly, bipartite networks included herbivory, pollination, 235 

and plant–omnivore interactions, whereas multitrophic networks comprised predator–prey and 236 

consumer–omnivore interactions. We did not further subdivide primary consumers (e.g., 237 

herbivores vs. pollinators), as interaction-type information in the metaweb were often insufficient 238 

to reliably distinguish between these processes. 239 

Link-level analysis 240 

To examine variation in trophic group richness and interaction structure, we quantified, for each 241 

site, the number of taxa in the three trophic groups (primary consumers, omnivores, and predators) 242 

as well as plants, together with the number of links among them (e.g., plant–omnivore interactions). 243 

To test whether observed interaction patterns deviated from expectations based on taxonomic 244 

richness alone, we implemented a role-constrained null model. This model preserved group-245 

specific richness, total link number, and trophic role identity (i.e., basal resources consumed by 246 

primary consumers and omnivores, consumers consumed only by omnivores and predators) while 247 

randomly redistributing links across biologically permissible feeding pairs. We generated 100 null 248 

networks, recalculated link frequencies, and derived standardized effect sizes (z-scores) to quantify 249 

deviations from null expectations for each trophic pathway. For clarity, interactions involving 250 

omnivores (primary consumer–omnivore, omnivore–omnivore, and predator–omnivore) were 251 

grouped as consumer–omnivore links, and a similar grouping was applied for predator-related 252 

interactions. Finally, to assess the effects of urbanization and greening strategies on feeding 253 



patterns, taxonomic richness, link richness, and z-scores were regressed against environmental 254 

covariates using (generalized) linear models (negative binomial distribution for richness, Gaussian 255 

for z-scores). 256 

 Network-level analysis  257 

To evaluate shifts in generalism and network structure, we quantified common degree-distribution 258 

properties—median, skewness, and coefficient of variation—which capture complementary 259 

aspects of interaction patterns. The median reflects typical species generalism, skewness the 260 

balance between sparsely and highly connected species, and the coefficient of variation interaction 261 

heterogeneity and uneven connectivity across species. As these properties can co-occur, metrics 262 

were moderately correlated, except for a stronger association between skewness and coefficient of 263 

variation in multitrophic networks (Fig. S8). Null models preserving node and link richness (with 264 

resource nodes constrained to remain basal) were used to express degree-distribution metrics as z-265 

scores, quantifying deviations beyond expectations from network size and connectance. We also 266 

measured standard network metrics, including node richness, connectance, nestedness, modularity, 267 

and robustness (R50, i.e., the mean proportion of primary extinctions needed to remove 50% of 268 

nodes, based on 100 simulations of random primary extinctions and secondary cascades; Jonsson 269 

et al. 2015). The same null models as for degree metrics were implemented, confirming that all 270 

network metrics deviated from null expectations (Fig. S9). Details on network metric calculations 271 

are provided in Supplementary Material I.  272 

We then applied a dual modeling strategy to assess environmental effects. First, degree-distribution 273 

metrics (median, skewness, coefficient of variation) were modeled as functions of individual 274 

covariates using linear models, with standardized effect sizes and 95% confidence intervals 275 

reported via coefficient plots. Second, to account for interdependencies among structural network 276 



properties, we applied piecewise structural equation modeling (SEM), allowing separation of direct 277 

environmental effects from indirect effects mediated through other metrics. SEMs followed 278 

established ecological and mathematical dependencies: node richness was modeled as a function 279 

of the covariate; connectance as a function of node richness and the covariate; modularity and 280 

nestedness as functions of connectance, node richness, and the covariate; and robustness as a 281 

function of all preceding properties, following Neff et al. (2021). This framework reflects the 282 

rationale that changes in species richness can alter connectance, facilitating modular or nested 283 

organization and ultimately influencing robustness. We ensured that model assumptions were met 284 

and tested overall model fit and individual path independence claims (see Tables S1 and S2). We 285 

then retrieved standardized path coefficients and assessed significance via 1,000-bootstrap 286 

resamples to obtain 95% confidence intervals. SEMs were conducted separately for bipartite, 287 

multitrophic, and combined networks, and independently for urbanization and each of the six urban 288 

greening strategies. 289 

 290 

Results 291 

Using the metaweb, we constructed 177 networks, equally divided among three types: bipartite 292 

networks (mean ± SD nodes = 137 ± 32; mean interactions = 1032 ± 480), multitrophic networks 293 

(98 ± 27; 1461 ± 633), and combined networks (161 ± 37; 429 ± 200; note that values do not sum 294 

across types because species may act as consumers in bipartite networks and as prey in multitrophic 295 

networks). 296 

We found that urbanization reduced the taxonomic richness of all trophic groups—primary 297 

consumers, omnivores, and predators—as well as the number of links among them (Fig. 2A–B). 298 

Despite this decline, taxonomic composition remained relatively stable, dominated by 299 



Hymenoptera, Hemiptera, Diptera, Collembola, and Araneae (Fig. S10). However, trophic 300 

structure shifted: the proportion of omnivores declined (Fig. S11), and their interaction patterns 301 

changed, leading to an increase in consumer–omnivore interactions and a decline in plant–302 

omnivore interactions beyond expectations from species loss alone (Fig. 2C). Urban greening 303 

strategies partly counteracted these shifts: higher plant richness—and, to a lesser extent, time 304 

investment—restored taxonomic and interaction richness and shifted interactions back toward 305 

plant-based links, increasing plant–omnivore interactions and reducing consumer–consumer 306 

interactions relative to null expectations (Fig. 2). Non-native plant dominance further promoted 307 

plant–omnivore interactions while reducing plant–primary consumer interactions. Other drivers 308 

had weaker effects overall.  309 

Figure 2: Effects of urbanization and urban greening strategies (plant richness, proportion of alien 310 

and woody plants, disturbance intensity, and time investment) on trophic structure and interaction 311 

organization in local food webs. (A) Relationships between covariates and richness of primary 312 

consumers (solid), omnivores (dashed), and predators (dotted); non-significant relationships are 313 



shown with reduced opacity. (B–C) Effects of covariates on trophic link richness (B) and deviations 314 

in link frequencies from null expectations (z-scores; C). Significant relationships in (C) indicate 315 

changes in interaction frequencies beyond those explained by species and link richness and trophic 316 

group proportions. Bubble size indicates effect magnitude, color indicates direction, and 317 

transparency indicates statistical support. For simplicity, interactions involving primary 318 

consumers, omnivores, or predators as prey are grouped as consumer → omnivore and consumer 319 

→ predator interactions. 320 

 321 

Urbanization also reshaped degree distributions across network types (Fig. 3). Along the urban 322 

gradient, networks included more well-connected nodes (higher median degree) and fewer poorly 323 

connected nodes (lower skewness), resulting in more homogeneous degree distributions (lower 324 

coefficient of variation; Fig 3). These patterns were broadly consistent across bipartite and 325 

multitrophic networks—although shifts in median degree were less consistent—and were most 326 

pronounced in combined networks. 327 

Urban greening strategies partly mitigated these shifts, although effects were network-dependent 328 

(Fig. 3). Higher plant richness reduced median degree, increased the prevalence of poorly 329 

connected nodes (higher skewness), and restored heterogeneity (higher coefficient of variation), 330 

particularly in bipartite and combined networks (Fig. 3). Other strategies showed network-specific 331 

responses. Non-native plants reduced degree median and favored poorly connected nodes in 332 

multitrophic networks (higher skewness), but increased median values in bipartite networks. Time 333 

investment had little effect on multitrophic networks but increased heterogeneity in bipartite and 334 

combined networks (higher skewness and variance). Once again, woody plant dominance and 335 

disturbance again had comparatively minor effects (Fig. 3). 336 



Figure 3: Influence of urbanization and urban greening strategies (plant richness, proportion of  337 

non-native species and woody plants, disturbance intensity, and time investment) on node degree 338 

distributions across network types (color-coded). Dots represent standardized coefficients, and 339 

lines indicate 95% confidence intervals. All metrics were z-scored to account for effects of node 340 

and link richness, as indicated with “(z)”. Non-significant relationships are shown in lighter 341 

shades. Symbols denote significance levels (· p < 0.1; * p < 0.05; ** p < 0.01; *** p < 0.001). 342 

Since skewness values were always positive, lower skewness reflects more even degree 343 

distributions rather than a shift toward highly connected nodes (which would produce negative 344 

skewness). 345 

 346 

SEM analyses showed that urbanization reshaped network structure through direct and indirect 347 

pathways. While it directly reduced consumer richness, its effects on network structures were more 348 

moderate, partly indirect, and network-specific (Fig. 4): in multitrophic networks, urbanization 349 

increased connectance, whereas in bipartite networks it increased modularity and reduced 350 

nestedness (Fig. S12). In combined food webs, these effects did not combine additively: instead, 351 



urbanization exerted its strongest influence, simultaneously increasing modularity, decreasing 352 

nestedness, and markedly reducing robustness (Fig. 4).  353 

Urban greening strategies often mitigated these urban-associated shifts, but responses frequently 354 

diverged across network types (Fig. 4). In combined networks, patterns generally reflected those 355 

of subnetworks, although some effects were dampened (e.g., nestedness with non-native plants) or 356 

amplified (e.g., modularity with woody plants; Fig. 4). While increases in species richness were 357 

consistent across network types, structural responses were not: connectance, nestedness, and 358 

modularity often changed in only one network type or even in opposite directions (e.g., 359 

connectance with plant richness), resulting in relatively stable overall structure in combined 360 

networks (Fig. 4, S8). Similar contrasts emerged for robustness: it increased in bipartite networks 361 

with plant richness and a higher proportion of non-native plants, but decreased in multitrophic 362 

networks with increasing plant richness, woody plant proportion, disturbance intensity, and time 363 

investment. In combined food webs, these opposing effects offset one another, leading to non-364 

significant changes, except for a clear increase with plant richness. 365 



Figure 4: Direct and indirect effects of urbanization and urban greening strategies on food web 366 

structure across network types (color-coded) based on structural equation models (SEMs). 367 

Patterns distinguish effect types (solid = direct; hashed = indirect). Dots represent total 368 

standardized coefficients, and lines indicate 95% confidence intervals derived from 5,000 369 

bootstrap resamples. Non-significant relationships are shown in lighter shades. Symbols denote 370 

significance levels (· p < 0.1; * p < 0.05; ** p < 0.01; *** p < 0.001). The underlying SEMs from 371 

which these effects are derived are presented in Figure S12. 372 



Discussion 373 

Our study showed that urbanization can be a dominant force structuring ecological networks, 374 

reshaping composition and structure across trophic levels. Its effects were pervasive but network-375 

specific, highlighting the importance of considering dependencies among interaction types. 376 

However, urban greening strategies, especially increased plant species richness, mitigated many of 377 

these effects and in some cases reversed them, underscoring their potential to buffer networks 378 

against urban densification. 379 

Urbanization reduced species and link richness, resulting in smaller networks and altered 380 

interaction structure. Consumer–consumer interactions became overrepresented, whereas plant–381 

omnivore links declined relative to null expectations, suggesting that although predator declines 382 

may weaken top-down control (Eötvös et al. 2018), remaining omnivores may maintain important 383 

regulatory roles through increased predation on consumers (Hironaka and Koike 2013). Degree 384 

distributions shifted toward higher medians with reduced skewness and variability, indicating a 385 

loss of specialists and increased dominance of generalized interactions (Fournier et al. 2020, Hahs 386 

et al. 2023). Moreover, the effects of urbanization manifested differently across network types: 387 

bipartite networks became less nested and more modular, potentially reflecting reduced overlap 388 

among plant–consumer interactions (Graf et al. 2024), whereas multitrophic networks showed 389 

increased connectance, likely associated with stronger consumer–omnivore interactions and 390 

intraguild predation (Perrelet et al. 2026). In combined food webs, these shifts coincided with 391 

reduced robustness, suggesting additive effects across subnetworks. Thus, urbanization impacts on 392 

network stability likely emerge from the combination of trophic-level-specific filtering, shifts in 393 

specialization, and altered multitrophic dependencies, highlighting the need to incorporate multiple 394 



interaction types when assessing ecological network responses (Pilosof et al. 2017; Reji Chacko et 395 

al., 2026). 396 

In the context of the intermediate landscape complexity hypothesis (Tscharntke et al. 2012), cities 397 

retain heterogeneous habitat mosaics that provide opportunities for local interventions to mitigate 398 

the negative effects of urban densification (Lepczyk et al. 2017). Among the five urban greening 399 

strategies assessed, higher plant richness—and, to a lesser extent, greater time investment in green 400 

space management—supported higher consumer richness and larger, more heterogeneous 401 

networks, likely by increasing feeding resource diversity (Wenzel et al. 2020, Kral-O’Brien et al. 402 

2021, Schmack and Egerer 2023). These factors also shifted degree distributions in the opposite 403 

direction to urbanization, decreasing median degree while increasing skewness and variance, 404 

consistent with greater coexistence of specialists and generalists, especially in bipartite networks 405 

(Ebeling et al. 2018). In these networks, greater plant richness and time investment translated into 406 

lower modularity and increased robustness. This pattern may arises from two complementary 407 

mechanisms: greater resource and consumer diversity, providing more feeding options in 408 

generalist-dominated networks, and the restoration of plant–omnivore links, which reoriented 409 

energy flows toward basal resources, thereby increasing connectance and ultimately robustness. 410 

By expanding the diversity of trophic pathways, increasing plant richness may thus enhance the 411 

stability of ecosystem functions supported by primary consumers (McDougall et al. 2022). In 412 

contrast, multitrophic networks responded more weakly, suggesting that predator–prey interactions 413 

may be less sensitive to plant diversity (Scherber et al. 2010, Giling et al. 2019). Increased time 414 

investment, reflecting greater ecological stewardship and associated with careful, often 415 

biodiversity-friendly rather than intensive maintenance practices (Bennett et al. 2018, Ruile et al. 416 

2026a), produced qualitatively similar but generally weaker effects, with more limited implications 417 

for network robustness. 418 



The effects of non-native plant dominance were network-specific. In bipartite networks, non-native 419 

plants increased connectance and the prevalence of well-connected taxa without reducing poorly 420 

connected nodes (i.e., unchanged skewness), resulting in highly connected hubs alongside 421 

persistent species with fewer interactions (Poisot and Gravel 2014). Together with an 422 

overrepresentation of plant–omnivore interactions, this pattern likely reflects the addition of new 423 

interactions involving a subset of well-connected generalists, particularly omnivores, rather than 424 

widespread accessibility of non-native plants to consumers (Salisbury et al. 2017, Seitz et al. 2020). 425 

This concentration of interactions among few generalists may increase dependence on these taxa 426 

for key ecosystem functions, such as pollination (Liang et al. 2023). In multitrophic networks, 427 

effects were weaker—consistent with the indirect role of plant origin on predator–prey interactions 428 

unless habitat structure is altered (Grutters et al. 2015)—but included reduced median degree, 429 

increased poorly connected nodes, greater nestedness, and lower robustness. These changes may 430 

reflect weakened consumer–omnivore interactions and reduced energy transfer to higher trophic 431 

levels (Bezemer et al. 2014). At the combined network level, these contrasting responses largely 432 

offset one another. 433 

Woody plant prevalence and disturbance intensity had comparatively modest effects. Woody 434 

prevalence reduced plant–primary consumer interactions in bipartite networks, likely through loss 435 

of rare links, while increasing predator prevalence and connectance in multitrophic networks, 436 

consistent with greater structural habitat complexity (Philpott and Bichier 2017). Because predators 437 

are more vulnerable to secondary extinctions, this increase also reduced robustness (Perrelet et al. 438 

2026). At the scale of combined food webs, these shifts—reduced plant–primary consumer 439 

interactions and increased predator prevalence—likely partially decoupled upper trophic levels 440 

from basal resources, resulting in greater modularity and highlighting dependencies among trophic 441 

levels. Such decoupling may reduce the efficiency with which primary production is transferred to 442 



higher trophic levels (Perrelet et al. 2025). Disturbance intensity, by contrast, had limited overall 443 

effects, possibly due to contrasting responses within trophic groups (e.g., differing sensitivities of 444 

herbivores versus pollinators to mowing; Hudewenz et al. 2012, Proske et al. 2022). Nonetheless, 445 

it promoted plant–omnivore interactions, increasing modularity and reducing robustness in 446 

multitrophic networks potentially by weakening consumer–consumer links (Hironaka and Koike 447 

2013). 448 

To infer network dynamics across interaction types, we used a metaweb approach that enables 449 

standardized reconstruction of trophic interactions across multiple network types. However, our 450 

analyses relied on unweighted networks, which do not capture variation in interaction strength and 451 

can obscure important aspects of energy flows, species dependencies, and network robustness 452 

(Berlow et al. 2004, Bastolla et al. 2009). Although weighting interactions by abundance can 453 

approximate interaction frequency or strength in some contexts (Sauve et al. 2016), abundance data 454 

was not available for all plant species, and even when available, may not reliably capture interaction 455 

strength across network types: a given plant species can exert contrasting effects across trophic 456 

guilds due to differences in morphology (e.g., few flowers but many leaves) or chemical signaling 457 

(floral scent vs. plant defense), thereby disproportionately influencing herbivory relative to 458 

pollination (Fontaine and Thébault 2015, Lucas-Barbosa 2016, Wang et al. 2024). This limitation 459 

aligns with our classification of interactions into bipartite and multitrophic networks, which 460 

necessarily masks fine-scale ecological specificity, such as varying sensitivities among herbivores 461 

and pollinators (Sauve et al. 2016, Wang et al. 2024). Nevertheless, this framework enables 462 

comparisons across commonly studied (e.g., plant–pollinator) and more complex multitrophic 463 

networks, while distinguishing interactions directly influenced by urban greening from those 464 

indirectly mediated through higher trophic levels (Pilosof et al. 2017). Lastly, although ecological 465 

networks vary seasonally (Souza et al. 2018), our analysis represents a temporal snapshot. We 466 



argue that partitioning by sampling date, while possible, would have conflicted with the metaweb 467 

objective of defining the potential space of trophic interactions rather than realized interactions 468 

(Adhurya and Park 2025). Despite these constraints, our approach provides a comprehensive 469 

perspective on how urbanization and urban greening strategies jointly shape trophic structure, 470 

emphasizing the importance of multitrophic dependencies in urban ecosystems. 471 

 472 

Conclusion 473 

Urban densification reshaped ecological networks beyond species loss, favoring generalized 474 

interactions, producing smaller and more homogeneous networks, and shifting interaction structure 475 

toward consumer–consumer rather than plant–consumer links. Moreover, its effects varied across 476 

network types, increasing modularity in bipartite networks and connectance and nestedness in 477 

multitrophic networks, ultimately reducing robustness in combined food webs. These differences 478 

indicate that changes at different interaction levels are interconnected, with shifts in one part of the 479 

network propagating to others and jointly shaping overall stability. Thus, identical environmental 480 

pressures can generate contrasting structural responses depending on interaction type, with 481 

cascading consequences at the scale of whole networks, highlighting the need for a multitrophic 482 

perspective to capture ecosystem-level responses. Nonetheless, urban greening strategies buffered 483 

many of these impacts. Increasing plant richness, and to a lesser extent time investment, 484 

consistently supported larger, more heterogeneous, and more robust networks, allowing specialists 485 

and generalists to coexist. Other factors produced more network-specific effects: the prevalence of 486 

non-native plants left multitrophic and combined networks largely unchanged but reorganized 487 

bipartite interactions, concentrating links among highly connected consumers rather than 488 

benefiting a broader range of consumers.  489 



Overall, urban ecological networks emerge from the interplay between broad-scale urbanization 490 

and local urban greening strategies, with outcomes contingent on interaction type. This underscores 491 

that strategies based on single network types may misrepresent ecosystem-level dynamics, and that 492 

maintaining diverse, functionally rich, and preferably native plant communities are key for 493 

sustaining robust networks in increasingly compact cities.  494 

 495 
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Figure S1: Correlation matrix illustrating pairwise associations among covariates (Pearson 771 

correlation; color-coded by strength and direction). Non-significant correlations are not shown.  772 



Figure S2: Effects of urbanization across multiple spatial scales (1000 m, 500, 150 m buffer) on 773 

trophic structure and interaction organization in local food webs. (A) Relationships between 774 

covariates and richness of primary consumers (solid), omnivores (dashed), and predators 775 

(dotted); non-significant relationships are shown with reduced opacity. (B–C) Effects of 776 

covariates on trophic link richness (B) and deviations in link frequencies from null expectations 777 

(z-scores; C). Significant relationships in (C) indicate changes in interaction frequencies beyond 778 

those explained by species and link richness and trophic group proportions. Bubble size indicates 779 

effect magnitude, color indicates direction, and transparency indicates statistical support. For 780 

simplicity, interactions involving primary consumers, omnivores, or predators as prey are 781 

grouped as consumer → omnivore and consumer → predator interactions.  782 



Figure S3: Influence of urbanization across multiple spatial scales (1000 m, 500, 150 m buffer) 783 

on node degree distributions across network types (color-coded). Dots represent standardized 784 

coefficients, and lines indicate 95% confidence intervals. All metrics were z-scored to account for 785 

effects of node and link richness, as indicated with “(z)”. Non-significant relationships are 786 

shown in lighter shades. Symbols denote significance levels (· p < 0.1; * p < 0.05; ** p < 0.01; 787 

*** p < 0.001). Since skewness values were always positive, lower skewness reflects more even 788 

degree distributions rather than a shift toward highly connected nodes (which would produce 789 

negative skewness).  790 



Figure S4: Direct and indirect effects of urbanization at multiple spatial scales (1000 m, 500, 150 791 

m buffer) across network types (color-coded) based on structural equation models (SEMs). 792 

Patterns distinguish effect types (solid = direct; hashed = indirect). Dots represent total 793 

standardized coefficients, and lines indicate 95% confidence intervals derived from 5,000 794 

bootstrap resamples. Non-significant relationships are shown in lighter shades. Symbols denote 795 

significance levels (· p < 0.1; * p < 0.05; ** p < 0.01; *** p < 0.001). The underlying SEMs from 796 

which these effects are derived are presented in Figure S12.  797 



Figure S5: Venn diagram showing predicted versus observed interactions based on the metaweb. 798 

Interactions present in the metaweb but not observed locally are labeled “unobserved”, those 799 

both predicted and observed are labeled “observed”, and interactions observed but not included 800 

in the metaweb are labeled “unexpected”.  801 



Figure S6: Correlation between network metrics derived from observed versus metaweb-based 802 

plant–primary consumers interactions. Points represent Pearson’s correlation coefficients (r) for 803 

each metric, with corresponding values indicated. All correlations are highly significant (p < 804 

0.0001).   805 



Figure S7: Agreement in the direction and significance of relationships between plant–primary 806 

consumer network metrics and environmental covariates derived from observed versus metaweb-807 

based (“inferred”) interactions. Bars indicate the number of metric-covariate relationships 808 

classified by whether observed-only and inferred estimates had the same or opposite direction, 809 

and whether significance was detected in both, one, or neither dataset. Significance was assessed 810 

at p < 0.05.  811 



Figure S8: Pearson correlation matrices showing associations among degree distribution metrics 812 

(median degree, degree skewness, and coefficient of variation; all z-scored) for bipartite, 813 

multitrophic, and complete networks. Tile values and color indicates correlation strength and 814 

direction (blue = negative, red = positive), while asterisks denote significant correlations (* P < 815 

0.05; ** P < 0.01; *** P < 0.001).  816 



Figure S9: Comparison of network properties between metaweb-derived networks (“observed,” 817 

blue) and null models (“null,” red). All distributions differ significantly (Kolmogorov–Smirnov 818 

tests; p < 0.001, except modularity in bipartite networks, for which p < 0.05).  819 



Figure S10: Community composition across all sites, grouped by urban green space type. Each 820 

bar represents an individual site.  821 



Figure S11: Regression lines showing the proportion of plants, bipartite consumers, and 822 

multitrophic consumers (color-coded) in relation to environmental covariates. Solid lines 823 

indicate significant correlations with each covariate, whereas dashed lines indicate non-824 

significant relationships.  825 



 826 



Figure S12: Structural equation models (A–F) depicting relationships among structural food web 827 

properties for each individual covariate. Blue arrows indicate significant positive relationships, 828 

red arrows indicate significant negative relationships (α ≤ 0.05), and dashed arrows denote 829 

marginally significant relationships (α ≤ 0.1). Arrow thickness reflects coefficient magnitude, 830 

while grey arrows represent non-significant paths (coefficients not shown).  831 



Table S1: Independence claims tested within structural equation models (SEMs) evaluating 832 

relationships between environmental covariates and network structure for bipartite, multitrophic, 833 

and complete networks. Each claim represents a hypothesized absence of a direct relationship 834 

between variables implied by the model structure. For each model, critical values, p-values, and 835 

degrees of freedom are reported to assess whether independence assumptions are supported based 836 

on standard significance thresholds. 837 

  Independence claim Critical value p-value df 

%
 i

m
p
er

v
io

u
s 

(1
0
0
0
 m

) Bipartite nestedness ~ modularity -0.254 0.800 54 

Multitrophic nestedness ~ modularity 1.394 0.169 54 

Complete nestedness ~ modularity -0.638 0.526 54 

P
la

n
t 

ri
ch

n
es

s 

Bipartite nestedness ~ modularity -1.232 0.223 54 

Multitrophic nestedness ~ modularity 1.787 0.080 54 

Complete nestedness ~ modularity -1.232 0.223 54 

%
 n

o
n
-n

at
iv

e 

p
la

n
ts

 

Bipartite nestedness ~ modularity -0.328 0.745 54 

Multitrophic nestedness ~ modularity 1.010 0.317 54 

Complete nestedness ~ modularity -0.651 0.518 54 

%
 w

o
o
d
y
 

p
la

n
ts

 Bipartite nestedness ~ modularity -0.438 0.663 54 

Multitrophic nestedness ~ modularity 1.507 0.138 54 

Complete nestedness ~ modularity -0.516 0.608 54 

D
is

tu
rb

an
ce

 

in
te

n
si

ty
 Bipartite nestedness ~ modularity -0.406 0.687 54 

Multitrophic nestedness ~ modularity 0.726 0.471 54 

Complete nestedness ~ modularity -0.749 0.457 54 

T
im

e 

in
v
es

tm
en

t Bipartite nestedness ~ modularity -0.421 0.675 54 

Multitrophic nestedness ~ modularity 0.203 0.840 54 

Complete nestedness ~ modularity -0.971 0.336 54 

  838 



Table S2: Goodness-of-fit statistics for the structural equation models (SEM) evaluating 839 

relationships between environmental covariates and network structure for bipartite, multitrophic, 840 

and complete networks. Fit was evaluated using Fisher’s C and Chi-squared tests, with 841 

corresponding values, p-values, and degrees of freedom reported for each model. 842 

  Metric Value p-value df 

%
 i

m
p
er

v
io

u
s 

(1
0
0
0
 m

) Bipartite 

Chi-Squared 0.071 0.790 1 

Fisher's C 0.446 0.800 2 

Multitrophic 

Chi-Squared 2.085 0.149 1 

Fisher's C 3.554 0.169 2 

Complete 

Chi-Squared 0.443 0.506 1 

Fisher's C 1.283 0.526 2 

P
la

n
t 

ri
ch

n
es

s 

Bipartite 

Chi-Squared 1.635 0.201 1 

Fisher's C 2.998 0.223 2 

Multitrophic 

Chi-Squared 3.391 0.066 1 

Fisher's C 5.064 0.080 2 

Complete 

Chi-Squared 1.636 0.201 1 

Fisher's C 2.999 0.223 2 

%
 n

o
n
-n

at
iv

e 

p
la

n
ts

 Bipartite 

Chi-Squared 0.117 0.732 1 

Fisher's C 0.590 0.745 2 

Multitrophic 

Chi-Squared 1.105 0.293 1 

Fisher's C 2.298 0.317 2 

Complete 

Chi-Squared 0.461 0.497 1 

Fisher's C 1.316 0.518 2 

%
 w

o
o
d
y
 p

la
n
ts

 

Bipartite 

Chi-Squared 0.209 0.647 1 

Fisher's C 0.821 0.663 2 

Multitrophic 

Chi-Squared 2.430 0.119 1 

Fisher's C 3.965 0.138 2 

Complete 

Chi-Squared 0.291 0.590 1 

Fisher's C 0.996 0.608 2 

D
is

tu
rb

an
ce

 

in
te

n
si

ty
 Bipartite 

Chi-Squared 0.180 0.671 1 

Fisher's C 0.752 0.687 2 

Multitrophic 

Chi-Squared 0.575 0.448 1 

Fisher's C 1.506 0.471 2 

Complete 

Chi-Squared 0.611 0.434 1 

Fisher's C 1.564 0.457 2 

T
im

e 
in

v
es

tm
en

t 

Bipartite 

Chi-Squared 0.194 0.659 1 

Fisher's C 0.785 0.675 2 

Multitrophic 

Chi-Squared 0.045 0.832 1 

Fisher's C 0.348 0.840 2 

Complete 

Chi-Squared 1.023 0.312 1 

Fisher's C 2.179 0.336 2 



Supplementary Material I 843 

For each local food web, we calculated connectance as the proportion of realized trophic links 844 

relative to all possible links. Modularity was estimated using Newman’s algorithm, which performs 845 

well in both bipartite and unipartite networks (Thébault, 2013), and nestedness using NODF 846 

(Almeida-Neto et al., 2008) or UNODF for unipartite networks, which is better suited to square 847 

adjacency matrices where all nodes can potentially interact (Cantor et al., 2017). Robustness (R50) 848 

was quantified through stochastic extinction simulations in which species were sequentially 849 

removed and secondary extinctions occurred when species lost all of their resources (Jonsson et 850 

al., 2015). Robustness was defined as the normalized proportion of primary extinctions required to 851 

eliminate 50% of the original species richness, averaged across replicates. Species without 852 

consumers (e.g., basal plants or prey without predators) were excluded from secondary extinction 853 

dynamics because they do not contribute to extinction cascades. Because the ecological 854 

interpretation of raw modularity and nestedness values differs between bipartite and unipartite 855 

networks, we stress that our goal was not to compare absolute metric values across network types. 856 

Instead, we assessed whether their variation among sites (and responses to environmental 857 

gradients) was congruent across network types. 858 
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