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Abstract

Fire is a key driver of ecosystem structure and function globally, yet climate and land-use
change are driving increasingly variable wildfire patterns, with important consequences for
biodiversity and ecological processes. Post-fire community dynamics are shaped by
ecological, landscape and fire characteristics, but as these drivers change, understanding
avian community-level responses is critical for predicting post-fire trajectories, ecosystem

resilience and informing management.

Temperate heathlands are of high conservation and cultural value but face increasing
wildfire risk. Following a major wildfire in Killarney National Park, Ireland, in 2021, we set out

to understand and quantify the impacts on upland bird abundance, behaviour, species
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richness and community composition using a paired burnt-unburnt experimental design over

the subsequent three year period.

Bird abundance and species richness were significantly reduced in burnt areas during the
first two years, although community composition remained broadly unchanged. Burnt sites
supported a reduced subset of the same species present in unburnt areas, indicating density
reductions without species turnover. This pattern suggests a degree of short-term
community resilience, with species persisting despite reduced local abundance. Species-
specific responses also suggested potential shifts in territorial behaviour, with increased
singing activity by meadow pipits (Anthus pratensis) across burnt sites despite reduced
abundance. By the third year, differences between burnt and unburnt plots weakened,

suggesting the start of a recovery of the bird communities.

These findings suggest that wildfire strongly affects local bird abundances in the short-term
without immediately restructuring communities, with recovery likely mediated by habitat

regeneration, resource dynamics and behavioural plasticity. Assessing recovery to the pre-
wildfire community state requires long-term monitoring, as effects on upland birds are likely

to depend on burn extent and severity, together with other context-specific factors.
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Introduction

Fire is a key driver of biodiversity, shaping ecosystem structure, resource availability, and
trophic interactions (Scott et al., 2013; Kelly & Brotons, 2017). By altering vegetation
structure, fire modifies habitat heterogeneity and resource distribution, with cascading effects
across trophic levels (Buma., 2015; Nimmo et al., 2019; Yang et al., 2020). Its effects are
context dependent, governed by climate, ignition sources, and fuel characteristics (Pastro et
al., 2011; Wang et al., 2021; Syphard et al., 2025). While such disturbance can promote
biodiversity under historic fire regimes (Stephens et al., 2014, Lindenmayer et al., 2025),
changing fire frequency and severity are increasingly disrupting these dynamics (Fernandez-
Garcia et al., 2020; Banza et al., 2019; DellaSala et al., 2022). Despite this, current post-fire
response knowledge is largely based on studies of individual species or controlled burns,

leaving community-level and multi-trophic responses to wildfire less understood (Carbone et



al., 2019; Nimmo et al., 2019). This is increasingly important as wildfire regimes become
more unpredictable globally (Xu et al., 2020; Scott, 2018), affecting regions historically
considered low risk (DellaSala et al., 2022). Mid- to high-latitude regions are seeing rising
fire frequency (Miller et al., 2025), while across Europe, fire seasons are lengthening and for
the past 5 years burned area has remained consistently above the 17- year average

(European Commission Joint Research Centre, 2025; European Commission 2026).

Heath and peatland ecosystems of north-west Europe are globally significant semi-natural
habitats with ecological and cultural importance dating back to Neolithic land use (Thompson
& Brown, 1992; Harris et al., 2011). Characterised by nutrient-poor soils and low-growing
sclerophyllous vegetation such as heather (i.e. Calluna vulgaris and Erica spp.), they support
species of high conservation value and provide key ecosystem functions, including carbon
storage and water regulation (Usher & Thompson, 1993; Webb & Bengtson, 2010; Lunt et
al., 2019). These functions underpin a range of ecosystem services contributing to human
well-being, recognised within the UK National Ecosystem Assessment (2011; Watson &
Albon, 2011), which identifies mountains, moorlands and heaths as key providers of
provisioning (e.g. food and fresh water), regulating (e.g. climate, flood and wildfire
regulation) and cultural services (e.g. recreation and cultural heritage). These systems are
maintained in intermediate successional states by natural and anthropogenic disturbance,
including grazing, cutting and burning, which historically promoted habitat heterogeneity and
prevented succession to woodland (Gimingham, 1993; Webb, 1998; Velle et al., 2014;
Davies et al., 2022). Heathlands support distinctive bird assemblages adapted to open,
nutrient-poor environments, where vegetation structure strongly determines habitat suitability
(Pearce-Higgins & Grant, 2006; Fuller, 2012).

Heathland bird communities comprise a range of specialist and generalist species, including
species of conservation concern such as curlew, Numenius arquata and meadow pipit
Anthus pratensis, both now red-listed in Ireland due to severe population declines, a pattern
also evident in Britain (Pearce-Higgins & Grant, 2006; Fuller, 2012; Lewis et al., 2019;
European Environment Agency, 2020; Heywood et al., 2024). Species like meadow pipits
are also an important prey resource for threatened raptors including the hen harrier Circus
cyaneus and merlin Falco columbarius also of conservation concern in Ireland (O'Donoghue,
2020; Lusby et al., 2024, Gilbert et al., 2021), highlighting how population changes in more
abundant upland birds may have wider implications for higher trophic levels. Many heathland
birds are insectivorous and rely on prey abundance and accessibility within the system (Sim
et al., 2016; Reid et al., 2023). In heterogeneous landscapes, assemblages may also include
species associated with adjacent habitats (i.e. riparian, agricultural and urban landscapes)

leading to species-specific responses to disturbance driven by differences in habitat use and



vegetation structure (Usher & Thompson, 1993; Evans et al., 2006; Rosa Garcia et al.,
2013). Consequently, changes in disturbance regimes, including shifts in fire frequency and
severity, can have pronounced effects on bird communities, influencing foraging behaviour,
breeding success and species composition (Briiggeshemke et al., 2025). Ongoing habitat
decline and environmental change have already reduced the extent and condition of these
systems (Piessens & Hermy, 2006; European Environment Agency, n.d.), increasing the
importance of understanding how changing fire dynamics may further affect their ecological
functioning and ecosystem service provision, particularly given the dependence of many

species on habitat structure and their sensitivity to changes in resource availability.

Post-fire heathland succession typically progresses from open pioneer vegetation and
grasses through to mature heather phases over approximately two to three decades
(Gimingham 1993; Hobbs & Gimingham 1987; Davies et al., 2010). Structural progression
and variation moderates habitat suitability for heathland birds, with early post-fire stages
providing open ground for foraging and later stages offering denser vegetation for nesting
and shelter (Barton et al. 2014). Species differ in how they exploit this variation: generalists
or ground nesters favouring open habitats, such as skylark (Alauda arvensis) and meadow
pipit (Anthus pratensis), often benefit from recently burned or early-successional conditions
where vegetation height is reduced (Pearce-Higgins & Grant 2006; Douglas et al., 2017),
whereas species associated with more mature vegetation e.g. stonechat (Saxicola rubicola)
are more common in mid- successional stages (Pearce-Higgins & Grant 2006). In later
stages, dense heather stands may enter a degenerate phase characterised by patchy
growth, woody stems and canopy gaps (Gimingham 1993; Webb 1998). As a result,
landscapes containing a range of post-fire vegetation stages may support a broader
assemblage of bird species than uniformly aged stands, as fire-driven mosaics can create
heterogeneous habitat conditions (Tharme et al., 2001; Harper et al., 2018). Post-fire
recovery trajectories are shaped by burn characteristics such as size, severity and pre-fire
stand age (Davies, 2009; Lees et al., 2021). Vegetation recovery is further constrained by
seasonal growing periods or by conditions exceeding plant physiological tolerances (Mallik &
Gimingham, 1985). Consequently, large, severe or repeated wildfires can disrupt
successional cycles, reducing resilience and altering historic vegetation dynamics (Cocking
et al., 2014).

Post-fire communities are strongly shaped by individuals that persist or escape the
disturbance (Abella, 2009) but as well as the direct effects of fire, structural changes in
vegetation also influence the abundance and accessibility of invertebrate prey for

insectivores (Reid et al., 2023; Kelly et al., 2023; McFerran et al., 1995). Consequently post-



fire environments often support shifts in invertebrate communities as invertebrate
populations, vegetation structure, microclimate and plant resources change with succession
(Swengel 2001; Moretti et al., 2006; Haysom & Coulson 1998). Early successional stages
can favour thermophilic and ground-dwelling arthropods associated with open habitats, while
increasing shrub cover and litter accumulation in later stages may support a different
assemblage of herbivores, detritivores and predators (Moretti et al., 2006). These shifts can
influence both the diversity and accessibility of invertebrates, with important consequences
for insectivorous birds whose foraging success depends on prey abundance and
accessibility within vegetation structures (Pearce-Higgins & Grant 2006; Douglas et al.,
2017) and the predators which feed on them. Fire can therefore modify the balance between
prey availability and accessibility, potentially favouring species able to exploit open or patchy
habitats while constraining those reliant on denser vegetation structure. These cascading
effects highlight the importance of understanding ecosystem responses, particularly as
climate-driven shifts are expected to alter wildfire frequency and severity across northwest
Europe (Hawthorne et al., 2023), including in regions historically considered at low risk
(Albertson et al., 2010; Kelly et al., 2020), such as Ireland and the UK (Perry et al., 2022;
Hawthorne & Mitchell, 2018).

This study was part of a commissioned project by the National Parks and Wildlife Service
(NPWS) in Ireland to investigate the impacts of a substantial wildfire in Killarney National
Park (Ireland’s first and arguably most prominent national park and UNESCO Biosphere
Reserve). The fire burned approximately one third (~2,500-3,000 ha) of the 10,200 hectare
park in 2021, mostly impacting heath and bog habitats (Department of Housing, Local
Government and Heritage, 2021). Although fires of this magnitude are historically
uncommon in the region, a combination of land-use change, fuel accumulation, and climatic
shifts, particularly wetter winters followed by hotter, drier summers, are contributing to
increasingly unpredictable fire behaviour (Fealy & Murphy, 2009; Kelly et al., 2018). Across
Europe, such changes are associated with shifts in fire regimes, including longer fire
seasons and greater fire extent (JRC., 2025; Miller et al., 2025), highlighting the need for
robust, quantitative assessments of ecological responses to disturbance (Fernandez-Anez et
al., 2021), that support evidence-based management of protected areas and recovery of

priority habitats such as Killarney National Park.

Here, we focus on the short-term responses of bird communities, examining changes in
abundance, species richness, and behaviour from two months to three years following the
wildfire. Through capturing immediate and early successional responses using a fully-

replicated paired burnt-unburnt design, the overall aim of the study is to improve



understanding of how bird populations respond to disturbance in temperate heathland
systems, informing future management under changing fire regimes by addressing the

following hypotheses:

H1) Bird abundance will differ between burnt (“Fire”) and unburnt (“Control”) sites. We
expect lower abundances in fire sites compared to their control pairs due to changes in

habitat and resource availability as a result of fire.

H2) Bird community composition will differ between burnt and unburnt sites. We expect
variance in habitat and resource availability to impact species differently depending on their

ecology, reflected in community differences between control and fire site pairs.

H3) Bird species will demonstrate behavioural differences in response to wildfire. By
focussing on the most common passerine - meadow pipits - we expect that reduced heather
density and potentially greater accessibility of invertebrate prey in more open post-fire
habitats will favour this ground-foraging insectivore, influencing aspects of their territorial

behaviour.

Materials and methods

Study Site

The study was conducted in Killarney National Park, County Kerry, Ireland (52.02039° N,
9.58282° W) as a direct response to a wildfire in April 2021. The park is designated as both a
Special Area of Conservation (SAC) and Special Protection Area (SPA) under the EU
Habitats and Birds Directives (NPWS, 2005; NPWS, 2013). Initial government estimates
suggested that 2,500-3,000 ha, approximately half of the terrestrial habitat, was burned
(Department of Housing, Local Government and Heritage, 2021), predominantly affecting
upland heath habitats. The study was part of a broader NPWS initiative to quantify the

impact of the fire on a broad range of taxa.
Bird survey design and implementation

As part of a wider investigation, we examined wildfire effects on heathland bird abundance
and community composition within the National Park across a mosaic of wet heath (HH3)
and upland blanket bog (PB2) habitats (Fossitt, 2000). These correspond to the Annex |
habitat types “Northern Atlantic wet heaths with Erica tetralix” (4010) and “Active blanket



bogs” (7130) under the EU Habitats Directive classification (NPWS, 2025). To assess fire
impacts while accounting for environmental heterogeneity, twenty fixed 1 km transects were
established following the general framework of the British Trust for Ornithology (BTO)
Breeding Bird Survey (BTO, undated) and the BirdWatch Ireland (BWI) Countryside Bird
Survey (BWI, 2012). Ten transects were located within areas burned during the April 2021
wildfire (“Fire”), and each was paired with a corresponding unburned transect (“Control”) in a
matched study design (Figure 1). Transects were established one month post-fire (Gittings,
2021), forming a paired natural experiment that enabled comparison of post-wildfire
responses between treatments while controlling for landscape-scale variation (Banza et al.,
2021).

Building on recent broader multi-site wildfire studies in upland moorland and peatland
systems (Reid et al., 2023; Kelly et al., 2023), this fully replicated matched-pair design
focuses on a single wildfire event within an Atlantic heathland mosaic, providing greater
control over environmental heterogeneity, fire-specific variation and reducing the influence of
spatially structured environmental differences between sites, strengthening inference on
wildfire effects. This approach also enables more site-specific inference for Irish heathland
systems, which differ structurally and compositionally from the upland moorland contexts

examined in previous studies.
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Figure 1. Map showing the location of paired burned (Fire) and unburned (Control) 1 km transects



within Killarney National Park (KNP) following the April 2021 wildfire. FIRE and CONT labels refer to

the treatment type of the transect and associated numbers (e.g. 01) refer to the treatment pair.

Transect placement was constrained by topography and habitat configuration. Random
allocation was not logistically feasible so Fire and Control transects were selected to match
key environmental characteristics, including Fossitt habitat classification (Fossitt, 2000),
altitude (20—-830 m), slope, and aspect. Because bird assemblages vary along altitudinal
gradients, transects were chosen to approximate the altitudinal and slope distributions of
their pair. Sustained gradients exceeding 20° were avoided where possible to maintain
consistent survey effort, although some steeper ground occurred within 100 m buffer areas.
This matched design allowed direct testing of differences in bird abundance between
treatments (H1) and assessment of treatment-level differences in community composition

(H2), while minimising confounding environmental variation.

Each GPS marked transect was 1 km in length and divided into five consecutive 200 m
sections to facilitate consistent pace and distance estimation. All birds detected visually or
aurally (song or call) were recorded during survey walks conducted in May - July across ten
treatment pairs in 2021 and 2022 and five treatment pairs in 2023. Perpendicular distances
from the transect line were estimated for each detection and assigned to four predefined
distance bands (0-25m, 26-50m, 51-75, and 76-100m). Detection type (visual, song, call)
and observer identity were recorded to allow modelling of detection probability, with a 100 m
buffer on either side of the transect (0.2 km? per transect) considered the effective survey
area for spatial standardisation. Detection functions were subsequently fitted to account for
declining detectability with increasing distance between detection bands, allowing
abundance estimates to be corrected for imperfect detection prior to statistical analysis
(Blibby et al., 2000).

Statistical analysis

All analyses were conducted in R 4.4.1 (R Core Team, 2024). Mixed-effects models were
fitted using ‘Ime4’ (Bates et al., 2015), estimated marginal means were obtained using
‘emmeans’ (Lenth & Piaskowski, 2026), and multivariate community analyses were
performed using ‘vegan’ (Oksanen et al., 2025). Figures were produced using ‘ggplot2’
(Wickham, 2016).



Distance sampling and abundance modelling

Bird abundance was estimated using distance sampling with half-normal detection functions
in ‘distance’ (Miller et al., 2019), incorporating observer identity and detection type (visual,
song, call) as covariates to account for imperfect detectability with increasing distance from
the transect line. Distance-corrected transect abundance estimates (continuous, model-
derived estimates) were log-transformed and analysed using weighted linear mixed-effects
models, with Treatment (Fire vs. Control), Year (2021-2023), and their interaction as fixed
effects, and Site Pair included as a random intercept to reflect the landscape heterogeneity

captured in the paired study design.

Models were fitted using inverse-variance weights derived from detection-model standard
errors, with more precisely estimated abundance values contributing a proportionally greater
influence. Estimated marginal means were used to derive Fire:Control abundance ratios

within each year, providing model-adjusted treatment contrasts.

Model assumptions were assessed using standard residual diagnostics, including inspection
of residual versus fitted values, evaluation of residual distributions, and assessment of
collinearity among predictors. Model fit and robustness were further evaluated through
alternative model specifications, including unweighted models and comparative analyses
using negative binomial mixed-effects models fitted to raw transect count data as a
robustness check. Overdispersion was assessed to confirm the suitability of the negative
binomial error structure. Sensitivity analyses were conducted to assess the influence of
alternative detection-model specifications, including observer identity and detection type, on
model outcomes. Full diagnostic procedures and sensitivity analyses are provided in the

Supplementary Material.

Sample completeness and species richness

To test for sampling completeness, species accumulation curves were constructed using
transect visits as sampling units, with species presence—absence data derived by converting
detections per visit to binary occurrence. Accumulation curves were generated by randomly
permuting the order of transect visits (n = 999 permutations) to estimate mean cumulative
species richness and its associated variability. These analyses were based on observed
presence—absence (incidence) data rather than detectability-corrected abundance
estimates, as richness estimators rely on patterns of species occurrence across sampling

units (Chao et al., 2014; Chiu et al., 2014), whereas distance-sampling analysis generate



modelled estimated abundance (Buckland et al., 2008; Miller et al., 2019) and do not

necessarily preserve this structure.

Proportion of estimated total species richness was assessed using four incidence-based
nonparametric estimators (Chao2, first- and second-order Jackknife, and bootstrap)
implemented in the vegan package (Okasanen et al., 2026). These estimators account for
unrecorded species based on the frequency of rare species across sampling units. Multiple
estimators were used to provide a range of richness estimates, with particular emphasis on
Chao2, which is a robust and widely used framework for incidence data and performs well

for short and mid-range sample extrapolation (Chao et al., 2014; Chiu et al., 2014).

Species richness was calculated as the number of unique species detected per transect
visit. Differences in richness between treatments and years were tested using a Poisson
generalized linear mixed model (GLMM) with Treatment, Year, and their interaction as fixed
effects and Site Pair included as a random intercept to account for the paired sampling
design. Estimated marginal means were calculated to compare richness between fire and

control sites within each year.

Community composition

To examine wildfire effects on bird community composition and beta diversity (i.e., among-
site compositional dissimilarity), Bray—Curtis dissimilarities were calculated from Hellinger-
transformed site x species matrices to reduce the influence of highly abundant species.

Analyses were conducted using functions in the vegan package (Oksanen et al., 2026).

Treatment effects were tested in the ‘vegan’ package (Oksanen et al., 2026) using
permutational multivariate analysis of variance (PERMANOVA; Anderson, 2001).
Permutations were restricted within matched site pairs to reflect the paired study design.
Homogeneity of multivariate dispersion was also assessed (betadisper; Anderson, 2006) to
confirm that differences reflected shifts in community composition rather than unequal within-
group variability. Analysis of Similarity (ANOSIM; Clarke, 1993) was used to corroborate
treatment differences by quantifying rank-based separation between fire and control

communities.

Species contributing most strongly to treatment-level dissimilarity were identified using
similarity percentage analysis (SIMPER; Clarke, 1993), conducted across all years

combined and separately within each year to assess overall and year-specific patterns. Non-



metric multidimensional scaling (NMDS) ordinations were used to visualise community

structure and treatment overlap.
Key species abundance and behavioural variance

Changes in key species abundance and behaviour were assessed, based on the
expectation that wildfire would alter habitat structure and resource availability, favouring
adaptable ground- or open-habitat foraging insectivores. Meadow pipit (Anthus pratensis)
accounted for 60% of all bird detections in this study. It is the most common upland
passerine in the UK and Ireland and is considered a Red-listed species of conservation
concern in Ireland due to population decline (Gilbert et al., 2021; Lewis et al., 2019; Pearce-
Higgins & Grant, 2006). The species is also potentially suited to exploit more open post-fire
habitats and associated changes in prey availability. Due to its dominance, sufficient sample
size and conservation priority it was selected as the focal species for analysis of treatment-

related differences in abundance and vocal activity.

Meadow pipit abundance and behaviour were analysed at the transect level using raw data
from 2021-2023. Abundance (total individuals per transect) was modelled using a negative
binomial GLMM with Treatment, Year, and their interaction as fixed effects and Site Pair
included as a random effect. The proportion of individuals singing was modelled using a
binomial GLMM; where interaction terms were unstable, a simplified additive model including

Treatment and Year as fixed effects was fitted.

Given that singing behaviour differed between treatments and may influence detectability, a
species-specific distance sampling model was fitted for meadow pipit. Detection probability
was modelled as a function of activity (singing and visual, relative to a call baseline) and

observer identity to assess variation in detectability among observation types.

Eurasian wren (Troglodytes troglodytes) and skylark (Alauda arvensis) were the next most
abundant species, together comprising a further 17% of detections. As both exhibit similar
vocal behaviour to meadow pipit and most observations are based on song or call, their
abundance and singing proportions were also examined. However, both species occurred at
lower abundance in fire-treated sites across years and exhibited consistently high baseline
singing probability, limiting sensitivity to detect treatment-related differences. Results for

these species are therefore presented in Supplementary Material.

Results



Bird Abundance variance

Detection probability varied in a half-normal key function model with bird activity covariate
(call, song, visual) and observer effects, and abundance estimates were therefore corrected
for imperfect detectability. Inspection of the observed distance-frequency distribution against
the fitted detection function indicated no obvious lack of fit, and the model estimated an
average detection probability of 0.58 (SE = 0.03). Transect-level abundance estimates were
subsequently analysed using weighted linear mixed-effects models including Treatment,
Year, and their interaction as fixed effects and Site Pair as a random intercept. The variance
component associated with Site Pair was negligible, indicating that paired-site structure

explained little additional variation in abundance beyond fixed treatment and year effects.

Distance-sampling corrected abundance differed between fire and control sites during the
first two post-fire years (Fig. 2). In 2021, model-adjusted abundance averaged 23.1 + 5.3
birds per transect visit in control sites and a substantially lower 10.5 + 2.2 in fire sites, an
estimated 54% reduction (LMM: FIRE/CONTROL ratio = 0.46, 95% CI = 0.26-0.82, p =
0.008). In 2022, abundance remained lower in fire sites (10.0 + 3.0 birds per transect visit)
than in control sites (23.7 + 6.2), equivalent to a 58% reduction (LMM: FIRE/CONTROL ratio
=0.42,95% Cl = 0.20-0.90, p = 0.026).

In 2023, the estimated treatment contrast shifted direction (FIRE/CONTROL = 2.15, 95% CI
=1.00 — 4.64, p = 0.050), suggesting convergence and possible recovery of abundance in
fire sites. However, sampling effort in 2023 was lower (five fire and five control transects;
FIRE:CONT 01-05), resulting in wider confidence intervals and greater sensitivity to
weighting and influential observations. Results from 2023 should therefore be interpreted

more cautiously.

To assess the robustness of our findings with distance correction, we also analysed raw
detection counts using negative binomial mixed models for comparison of trends between
approaches. This produced qualitatively similar patterns (Figure 2). Fire sites supported
fewer birds in 2021 (GLMM: FIRE/CONTROL = 0.67, p = 0.085) and significantly fewer in
2022 (GLMM: FIRE/CONTROL = 0.48, p = 0.002), whereas in 2023 treatment differences
were small and not statistically supported (GLMM: FIRE/CONTROL = 0.84, p = 0.596).
Further sensitivity analyses indicated that treatment effects were robust to alternative
detection-model specifications and weighting/random-effects structures. Across years effect
sizes were generally smaller than those estimated from detection-corrected models,
although the overall direction of treatment differences remained consistent, indicating that

failure to account for detectability is likely to underestimate the magnitude of fire effects.



Overall, wildfire was associated with substantial short-term reductions in bird abundance
during 2021-2022, with evidence of reduced treatment differences by 2023, albeit with

increased uncertainty.

A. Raw counts (Negative Binomial) B. Distance-corrected abundance
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Figure 2. Comparison of (A) raw detections and (B) distance-corrected (DS) bird abundance per
1km transect visit (0.2km?) across sample years and treatments. Bars represent model-estimated
means with 95% confidence intervals. DS-corrected estimates account for imperfect detectability,
providing an estimate for individuals present, whereas raw counts reflect observed detections only.

Colours distinguish treatment groups.

Species richness and sample completeness

Species richness differed significantly between treatments across years. Richness was lower
in fire sites than paired controls in 2022 (GLMM: FIRE/CONTROL = 0.44, p = 0.003),
corresponding to mean richness of 1.90 species per transect in fire sites versus 4.30 in
control sites. Differences were smaller and not statistically significant in 2021 (GLMM:
FIRE/CONTROL = 0.70, p = 0.135; 3.10 vs 4.40 species) or 2023 (GLMM: FIRE/CONTROL
= 0.56, p = 0.100; 2.59 vs 4.59 species).
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Figure 3. Species richness per transect visit (number of species detected) in Control and Fire
treatments across 2021-2023. Boxplots show the median and interquartile range for species
richness within each year, with points representing individual transect visits. Years are shown
along the x-axis to illustrate temporal variation in richness and potential post-fire trends.

Colours differentiate Control and Fire treatments.

Species accumulation curves indicated consistently higher richness in control sites
compared to burned sites across sampling effort (Supplementary Figure S1, S2).
Control sites recorded 33 observed species, with estimated richness ranging from 39
to 51 species (Chao2 = 43.5 + 7.3 SE; Jackknife2 = 51.4), whereas fire sites recorded
18 observed species, with estimates ranging from 22 to 33 species (Chao2 = 30.0 £
10.3 SE; Jackknife2 = 33.3). Sampling completeness was moderate in control sites
(~76%) but lower in fire sites (~60%), indicating that richness may be underestimated,
particularly in burned areas. Despite this, all estimators consistently indicated lower

species richness in fire sites, suggesting robust treatment differences.

Community Composition

NMDS ordination of Bray—Curtis dissimilarities (stress = 0.161; Fig. 4) showed substantial
overlap between fire and control communities across years, with no clear separation in

multivariate space. PERMANOVA detected no significant effects of Treatment, Year, or their



interaction on community composition. Tests for homogeneity of multivariate dispersion were
non-significant, confirming that these results were not driven by differences in within-group

variability. ANOSIM also indicated minimal separation between treatments.

Although moderate compositional differences were observed within individual fire—control
pairs (median Bray—Curtis = 0.53), these were not structured by treatment or year,

suggesting they reflect background site-level variation rather than consistent fire effects.

Together, these results indicate that while wildfire reduced overall bird abundance, it did not

produce detectable shifts in community composition over the study period.
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Figure 4. Community composition of bird assemblages in Control and Fire treatments across 2021—
2023, visualised using NMDS based on Bray—Curtis dissimilarities of Hellinger-transformed species
counts. Points represent individual transect visits within each year, with panels showing annual
patterns. Ellipses indicate 68% within-treatment spread, and colours differentiate treatments.

Ordination stress = 0.161.

Meadow pipit abundance and behaviour

Meadow pipit abundance per transect (Figure 5A) did not differ significantly between

treatments across years (negative binomial GLMM on raw count data). Counts were



slightly higher in control sites in 2021 (6.97 + 1.30 SE vs 5.08 £ 1.01 SE), although this
difference was not statistically significant (CONT/FIRE ratio =1.37,z=1.29,p =
0.196). In 2022, counts were again higher in control sites (7.74 + 1.41 SE vs 4.87 &
0.98 SE), with marginal support for a treatment difference (CONT/FIRE ratio = 1.59, p
= 0.058). In 2023, counts were higher in fire sites (8.14 + 2.09 SE vs 5.63 £ 1.56 SE),
although this difference was not statistically significant and is based on a smaller

number of surveys.

Meadow pipit song flight behaviour

The proportion of meadow pipits recorded singing (Figure 5B) was higher in fire sites
(binomial GLMM on raw count data). In 2021, predicted singing probability was 0.26 + 0.06
in fire sites compared to 0.13 + 0.04 in controls, although this difference was not statistically
significant (p = 0.066). In 2022, this difference was more pronounced (0.22 + 0.06 vs 0.07 *
0.03), with a statistically significant treatment effect (p = 0.021). In 2023, no singing

individuals were recorded in control sites, resulting in unstable model estimates.

In a simplified model excluding the treatment x year interaction (which was unstable due to
zero singing records across Control sites in 2023), meadow pipits were significantly more
likely to be singing in fire sites overall (3 = 1.12 £ 0.34 SE, p = 0.001).
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Figure 5. Meadow pipit abundance (A) and singing behaviour (B) per transect visit in Control
and Fire treatments across 2021-2023. Panel A shows total individuals recorded per transect.
Panel B shows the proportion of individuals recorded singing. Boxplots represent the median
and interquartile range, with points showing individual transect visits. Years are displayed on

the x-axis to illustrate temporal patterns in abundance and behaviour, and colours differentiate

treatments.

Wren and skylark were the next most abundant species (Supplementary Figure S4),

Treatment

E3 cont
E3 FIRE

together comprising a further 17% of detections. In contrast to meadow pipit, both species

occurred at consistently lower abundance in fire-treated sites across years. Their high

baseline singing probabilities also limited sensitivity to detect treatment-related differences,

and results are therefore presented in Supplementary Material.

Meadow pipit Detection Model

Abundance and singing detection results indicate that increased meadow pipit singing

activity across fire sites may influence detectability and contribute to observed variation in

raw counts. A meadow pipit-specific distance-sampling detection model was therefore fitted.

Mean detection probability was 0.52 (x 0.04 SE), indicating that approximately half of

individuals present were detected within surveyed transects. Detection probability varied with



observation type: “Call” detections formed the baseline: “Visual” detections were less
detectable (B = -0.40 = 0.20 SE), and “Song” detections showed a positive but uncertain
effect relative to calls (B = 0.20 £ 0.35 SE). Mean cluster size was low (1.22 + 0.04 SE),

indicating that most detections represented individual birds.

Discussion

Wildfire commonly reduces bird abundance in the short term through its effects on
vegetation structure, resource availability and habitat suitability (Fontaine et al., 2009;
Nimmo et al., 2014). At Killarney National Park, bird abundance was substantially lower in
burnt areas during the first two years following the fire, with species richness also reduced,
particularly in 2022, supporting Hypotheses 1 and 2. These declines likely reflect direct bird
mortality in the fire alongside the loss of vegetation complexity, limiting foraging
opportunities, nesting cover and shelter (Pearce-Higgins & Grant, 2006). Similar short-term
reductions in bird abundance have been observed in upland and grassland systems
following fire, where simplified vegetation structure reduces resource availability and habitat
suitability (Fontaine et al., 2009; Nimmo et al., 2014; Douglas et al., 2017). While richness
patterns were more variable than abundance, both metrics indicate strong short-term

impacts of disturbance on local bird populations.

Differences between burnt and unburnt areas in 2023 suggest early signs of recovery,
potentially reflecting a recovery of vegetation heterogeneity and associated resource
availability, although reduced sampling effort limits inference. Increases in floral diversity and
availability (Howells et al., 2026) indicate post-fire vegetation recovery that may support
invertebrate communities and, in turn, provide prey for insectivorous birds. While correlative,
the temporal alignment between floral resource recovery and bird abundance suggests that
re-establishment of plant—invertebrate interactions may facilitate higher trophic responses

following disturbance.

Despite these short-term effects, there was little evidence to support Hypothesis 2 that
wildfire altered overall community composition. This may reflect the resilience of generalist-
dominated assemblages or the influence of landscape context in structuring communities.
Moderate differences observed within individual fire—control pairs were not structured by
treatment or year, suggesting that variation in species assemblages primarily reflects
background environmental heterogeneity rather than consistent fire effects. Bird

communities in a range of landscapes are strongly shaped by habitat heterogeneity and



landscape composition, which influence resource availability and niche structure across
spatial scales (Anderle et al., 2023; Shaw et al., 2024; Neumann et al., 2016). This likely
reflects the scale at which birds respond to their environment. Although foraging during the
breeding season is typically constrained to local scales e.g. skylarks forage mostly within
~200 m of the nest (Puttmanns et al., 2022), habitat selection and territory placement are
influenced by broader landscape context (Kuiper et al., 2013). As such, responses to
disturbance may operate at spatial scales larger than individual burn patches, and failure to
consider these scales may obscure community—environment relationships (Mao et al.,
2023).

Burnt sites appeared to support a reduced subset of the same species present in control
areas, rather than a distinct assemblage. This pattern suggests a degree of short-term
community resilience, with species persisting despite reduced local abundance. Absence of
strong compositional change may also reflect the relatively generalist and overlapping
ecological traits of heathland bird assemblages, which can tolerate short-term reductions in
vegetation cover or redistribute across heterogeneous landscapes. Generalist species are
often more resilient to disturbance than specialists (Devictor et al., 2008) and species
responses to fire can vary markedly depending on burn severity, extent and time since
disturbance (Lindenmayer et al., 2014). This aligns with evidence that landscape-scale fire
heterogeneity does not always translate into increased bird species richness, with some
systems instead showing stronger associations with the extent of older vegetation (Taylor et
al., 2012). Access to adjacent unburnt heathland and woodland habitats may further buffer
community responses by allowing individuals to supplement resources beyond burned
areas. These factors suggest that the Killarney wildfire acted primarily as a density-reducing
disturbance, with resistance through behavioural flexibility and landscape context limiting
short-term changes in beta diversity, with little evidence of species turnover (Nimmo et al.,
2015). Compositional differences were therefore likely driven by nestedness rather than
species replacement, with burnt sites supporting subsets of the species present in unburnt
pairs. However lower estimated sampling completeness in burned sites may mask some

compositional differences.

Accounting for imperfect detection strengthened the magnitude of treatment effects, with
detection-corrected models indicating larger differences than analyses based on raw counts.
This highlights the importance of incorporating detectability into analyses of post-disturbance
responses, particularly where behaviour and habitat structure may influence observation
probability (Diefenbach et al., 2003). While rarer or more specialist species may be under-

detected (Buckland et al., 2008), potentially masking subtle community-level variation, most



detections were driven by common species, suggesting that dominant community patterns
are well represented. The paired study design, combined with consistency across analytical
approaches, further supports the robustness of observed inter-treatment differences in
abundance and richness. While the detection function accounted for key sources of
variation, some differences in detectability between treatments may persist where habitat
structure or behaviour interact in ways not fully captured by the model. For example,
increased vegetation openness in fire-affected areas may influence detection distances
(Morelli et al., 2022), while behavioural responses to disturbance may compound
observation probability (Anderson et al., 2015). These considerations indicate that short-term
responses to disturbance reflect a combination of ecological change and observation

processes, providing important context for interpreting species-specific behavioural patterns.

Species-level responses revealed patterns unapparent at the community scale. Meadow
pipits showed little evidence of consistent treatment differences in abundance but exhibited
higher singing activity in fire-affected areas, particularly in 2022. Singing behaviour is
commonly associated with territorial establishment (Naguib, 2005), suggesting that early
post-fire habitats may support comparable or enhanced territory use. Increased singing in
fire sites may reflect greater accessibility of invertebrate prey in more open habitats, allowing
individuals to exploit resources more efficiently, as structural heterogeneity can improve
foraging conditions for insectivorous birds (Evans et al., 2006) and post-fire increases in
nutrient availability may enhance primary productivity and invertebrate resources, supporting
higher densities of breeding territories in early successional habitats (Briiggeshemke et al.,
2025).

As breeding season foraging of ground-nesting passerines is typically concentrated within
relatively short distances of the nest (Kuiper et al., 2013), local habitat conditions can
strongly influence resource acquisition and territory suitability. In this context, reduced shrub
density may increase prey accessibility within territories, potentially supporting breeding
activity where overall prey abundance is reduced; post-fire reductions in some heather
structure can lower invertebrate abundance for several years (Reid et al., 2023). This
suggests that accessibility rather than total prey biomass may drive observed behavioural
responses. Reduced vegetation density may also reduce niche availability and competitive
pressure from species associated with denser vegetation, thereby favouring adaptable or
open-habitat species and filtering communities towards functionally similar, disturbance-
tolerant traits (Devictor et al., 2008; Mouillot et al., 2013). This indicates that behavioural
responses to disturbance may reflect shifts in resource accessibility, habitat structure and

competitive interactions, rather than changes in abundance alone. Nest monitoring is



recommended in determining whether these behavioural changes translate into effects on

breeding productivity (Malm et al., 2020).

The divergence between abundance and behaviour highlights the importance of considering
how species use post-disturbance habitats, rather than relying solely on density or presence
metrics. In meadow pipits, singing behaviour is closely associated with territorial
establishment (Naguib, 2005), suggesting that increased vocal activity in fire-affected areas
may reflect shifts in territory use rather than changes in population size. Although no
meadow pipit singing was recorded in control sites in 2023, this pattern likely reflects
previously observed treatment differences (2021-2022) combined with reduced sampling
intensity in 2023, given that surveys between treatments were conducted under comparable
conditions by the same observers. These effects are likely interacting with post-burn habitat
structure, although the timing and intensity of bird vocal activity can be further influenced by
environmental variables such as temperature, humidity, light conditions, aspect and
vegetation greenness (Paterno et al., 2024; Scarpelli et al., 2023). While variation in singing
may also influence detectability or reflect behavioural responses unrelated to reproductive
activity, these behavioural shifts have implications for trophic interactions and ecosystem

functioning.

Post-fire changes in habitat structure may alter prey accessibility (Pearce-Higgins & Grant,
2006), foraging behaviour (Evans et al., 2006) and breeding success (Douglas et al., 2017),
with potential consequences for predator—prey dynamics (Nimmo et al., 2014). This study
does not directly quantify these processes, limiting inference on functional outcomes. Future
work integrating trophic approaches, such as faecal metabarcoding, alongside measures of
breeding success including nest based monitoring, would provide greater insight into how
post-fire changes in vegetation structure influence trophic networks and population
processes. Longer-term trajectories, including whether communities return to pre-fire
structure, are likely to depend on interacting factors such as fire severity, landscape context,
grazing pressure and future climatic conditions within the park (Rodriguez-Trejo et al. 2019;
Kelly et al., 2020). Repeated surveys following structural and floral heather regeneration,
typically over 5-10 years depending on burn severity and site conditions (Calvo et al., 2002;
Gimingham, 1993; Davies et al., 2010), would be particularly valuable for assessing whether

initial responses translate into lasting community change or recovery.

Overall, the 2021 wildfire in Killarney National Park resulted in marked short-term declines in
bird abundance and species richness but had limited effects on overall community
composition, suggesting that fire reduced local population densities rather than restructuring

assemblages. The persistence of species across treatments indicates short-term resilience



to disturbance, likely mediated by behavioural flexibility and access to surrounding unburnt
habitats. Convergence of bird abundance in burnt sites towards control levels by the third
year post-fire, alongside increases in floral diversity and resource availability (Howells et al.,
2026), suggests that vegetation regeneration and associated invertebrate recovery may
facilitate higher trophic responses. However, behavioural differences, particularly increased
singing activity in meadow pipits, indicate that post-fire responses may also reflect shifts in
resource use and territorial dynamics rather than changes in population size alone. These
findings illustrate that wildfire in temperate Atlantic heathlands can substantially affect local
bird populations without immediately restructuring communities, highlighting the importance
of integrating abundance, behaviour and trophic interactions to understand recovery. We
recommend repeat surveys over a 5—-10-year heather regeneration cycle to determine when
bird communities recover to pre-fire conditions. Complementary approaches, including DNA
metabarcoding of faecal samples and nest monitoring would also provide insights into how
post-fire changes in prey availability and territorial behaviour influence trophic interactions,

breeding success and long-term community recovery.
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Figure S1. Species accumulation curve for Control and Fire treatments across the 2021-2023
surveys. Curves illustrate mean cumulative number of bird species detected with increasing numbers
of transect visits (randomised visit order; 999 permutations) using a transect visit x species incidence
(presence—absence) matrix. Shaded polygons represent 95% confidence intervals derived from
random permutations and reflect variation in species accumulation among sampling sequences.
Species richness increased rapidly during the initial transect visits before approaching an asymptote
in both treatments, indicating diminishing returns of species identified with additional sampling effort.
Control sites accumulated a greater number of species than Fire sites throughout the sampling
period, consistent with higher observed species richness (33 versus 18 species). Incidence-based
richness estimators suggested that additional rare species were likely present in both treatments
(Control: Chao = 43.5 + 7.3 SE; Fire: Chao = 30.0 £ 10.3 SE), although the flattening of both curves

indicates that the surveys captured a substantial proportion of the bird communities present.



Treatment | Observed sp. Richness | Chao 2 | Jackknife 1 | Jackknife 2 | Bootstrap
All sites 37 50.8 51.7 58.6 43.8
Control 33 43.5 46.4 51.4 39.3
Fire 18 30.0 27.6 33.3 221

Table S2. Observed bird species richness and richness estimates for combined transect visits,

Control and Fire treatments. Estimated richness was calculated using the incidence-based Chao2,

first-order jackknife, second-order jackknife and bootstrap estimators from species presence—absence

data, providing estimates of the number of species expected after accounting for undetected rare

species.

BTO code Common name

B Blackbird

BC Blackcap

BT Blue Tit

CcC Chiffchaff

CH Chaffinch

CK Cuckoo

CT Coal Tit

G Green Woodpecker
GC Goldcrest

GH Grasshopper Warbler
GL Grey Wagtail

GT Great Tit

HC Hooded Crow

Scientific name
Turdus merula
Curruca atricapilla
Cyanistes caeruleus
Phylloscopus collybita
Fringilla coelebs
Cuculus canorus
Periparus ater
Picus viridis
Regulus regulus
Locustella naevia
Motacilla cinerea
Parus major

Corvus comix



HD

HM

MP

PE

PH

RB

RC

RG

RN

SC

SF

SI

SK

SL

SN

ST

SW

TC

WP

WR

WW

House Dove (Feral Pigeon)

House Martin
Mistle Thrush
Meadow Pipit
Peregrine
Pheasant
Robin

Reed Bunting
Rock Pipit

Red Grouse
Raven

Skylark
Stonechat
Spotted Flycatcher
Swift

Siskin

Swallow
Common Snipe
Song Thrush
Sedge Warbler
Treecreeper
Woodpigeon
Wren

Willow Warbler

Columba livia
Delichon urbicum
Turdus viscivorus
Anthus pratensis
Falco peregrinus
Phasianus colchicus
Erithacus rubecula
Emberiza schoeniclus
Anthus petrosus
Lagopus scotica
Corvus corax

Alauda arvensis
Saxicola rubicola
Muscicapa striata
Apus apus

Spinus spinus
Hirundo rustica
Gallinago gallinago
Turdus philomelos
Acrocephalus schoenobaenus
Certhia familiaris
Columba palumbus
Troglodytes troglodytes

Phylloscopus trochilus



Table S3. British Trust for Ornithology (BTO) species codes, common names and scientific names

for all bird species recorded during transect surveys between 2021 and 2023.

2021 2022 2023
s i v | E——
WR WR s
CH S WR 4
Q |
g s WW- scH
(&)
3 sc SC HM
(&}
2 i
a ye SN sLA
o
b= WW R B
Ry M" RN-
GC HM- T
CK1 CH BT
0 25 50 75 0 25 50 75 0 25 50 75

Total individuals detected

Treatment | cont [l FRe

Figure S4. Total individuals detected for the 10 most abundant bird species recorded in Control and
Fire treatments during 2021, 2022 and 2023. Bars show the total number of individuals detected per
species across all transect visits within each treatment and year. Species are identified using British

Trust for Ornithology (BTO) species codes. Colours distinguish Control and Fire treatments.



A. SKylark detections per transect B. Proportion of Skylarks recorded singing
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Figure S5. Skylark abundance (A) and singing behaviour (B) per transect visit in Control and Fire
treatments across 2021-2023. Panel A illustrates the total number of individuals recorded per
transect visit, while panel B illustrates the proportion of individuals recorded singing. Boxplots show
the median and interquartile range, with points representing individual transect visits. Years are

shown on the x-axis, and colours distinguish Control and Fire treatments.



A. Wren detections per transect B. Proportion of Wrens recorded singing
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Figure $6. Wren abundance (A) and singing behaviour (B) per transect visit in Control and Fire
treatments across 2021-2023. Panel A illustrates the total number of individuals recorded per
transect visit, while panel B illustrates the proportion of individuals recorded singing. Boxplots show
the median and interquartile range, with points representing individual transect visits. Years are

shown on the x-axis, and colours distinguish Control and Fire treatments.



